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4 | Soils and Humans

4.1 | Current land cover and land use 

The new Global Land Cover Share database (Latham et al., 2014) includes  eleven global land cover layers,  
each representing the major land cover classes defined by the  FAO and SEEA legend  (Weber, 2010). 

Analysis of the database indicates that of the global land mass, artificial surfaces occupy 0.6 percent, 
croplands 12.6 percent, grasslands 13.0 percent, tree-covered areas 27.7 percent, shrub-covered areas 9.5 
percent, herbaceous vegetation 1.3 percent, mangroves 0.1 percent, sparse vegetation 7.7 percent, bare soils 
15.2 percent, snow and glaciers 9.7 percent and inland water bodies 2.6 percent.

The intensity of each land-cover type varies substantially across the globe according to numerous factors, 
including soils, altitude, climatic conditions and anthropogenic influences. For example, while cultivated land 
is less than 10 percent in most African regions, it accounts for more than 25 percent of the land in the Asia 
region. A land cover map is given in Figure 4.1. Summary statistics by region, derived from the respective GIS 
layers are given in Figure 4.2.  In the following discussion, attention is focused on three main land cover classes: 
cropland, grasslands/grazing lands and forests. The management of these three classes has large impacts on 
soils and ecosystem services. The presence of artificial surfaces is treated in more detail in Section 6.7. More 
than 25 percent of the land mass carries almost no vegetation because of climatic factors (glaciers, deserts) or 
topographic or soil conditions.
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Figure 4.1 | Global Land Cover.  
Source: Latham et al., 2014.

Figure 4.2 | Distribution of land cover in different regions. 
Source: Latham et al., 2014.
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Cropland

SOLAW (FAO, 2011) established that the cultivated land area in terms of per capita use in 2000 was highest 
in Australia (more than 2.2 ha per person), followed by North America and Eastern Europe and Russia (about 
0.7 ha per person). In contrast, current cultivated land used per capita is only 0.2 ha in Western Europe and in 
most less developed countries.

By dividing the current cultivated land by the projected populations, the anticipated cultivated land area 
per capita in 2050 can be estimated. In the more developed countries, the cultivated area per capita would 
change little. In less developed countries, the cultivated area per capita is expected to halve to 0.1 ha by 2050, 
unless there is further expansion of the cultivated area. 

Further characterization of cropland and land use at a global scale by remote sensing is difficult because: 
1. The spatial extent of croplands is highly variable between and within nations. Cropland characteristics 

such as field size can be highly variable, even for the same crop type. Spatial extent of cropland depends 
on a host of factors, including the historical, political, social and technological context of agricultural 
development as well as natural factors such as landscape patterns. 

2. Patterns of agricultural intensification – for example, the use of fertilizer – vary greatly, especially 
between developed and developing nations. 

3. Each crop type has a specific growth phenology and structure, with significant seasonal variation 
between and even within individual crop types. 

4. Cropland can be confused with natural vegetation cover types – for example, surveys may confuse 
cereal grains with tall-grass prairie (Pittman et al., 2010). Better cropland information – in terms of 
both its extent and the purpose and intensity of its use – is vital to understanding soil change and 
to formulating adequate responses. Special attention should be paid to irrigated agriculture in 
developing countries, which covers about one-fifth of all arable land, and accounts for 47 percent of all 
crop production and almost 60 percent of cereal production (Nachtergaele et al., 2011).

Grazing lands

Grazing lands, including sown pasture and rangeland with various coverage (grasslands, bush/shrublands), 
are among the largest ecosystems in the world and contribute to the livelihoods of more than 800 million 
people. They are a source of goods and services such as food and forage, energy and wildlife habitat, and also 
provide carbon and water storage and watershed protection for many major river systems. Grasslands are 
also important for   in situ   conservation of genetic resources. Of a total of 10 000 species, only 100 to 150 
forage species have been cultivated, but many more hold potential for sustainable agriculture. Estimates of 
the proportion of the Earth's land area covered by grasslands vary between 20 and 40 percent, depending on 
the definition. Those differences are due to a lack of harmonization in the definition of grasslands. 

There has been a significant reduction of pasture in Eastern Africa, partially because large grassland areas 
have been destroyed or converted to agricultural land. In South America, pastures have been lost because 
of conversion to soybean cultivation. In Europe there has been a gain in grazing lands because   European 
policies such as the ‘set-aside’ measures oblige farmers to leave a portion of their agricultural land in fallow as 
a condition for benefiting from direct payments (Suttie, Reynolds and Batello, 2005).

Forests 

In 2010, forests covered about 28 percent of the world’s total land area. Deforestation affected an estimated 
13 million ha per year between 2000 and 2010. Net forest loss was, however, considerably less – 5.2 million 
ha per year – as losses were compensated by afforestation and some natural expansion (FAO, 2014a). Most 



   | 53Status of the  World’s Soil Resources  |  Main Report 53Soils and Humans

deforestation takes place in tropical countries, whereas most developed countries with temperate and 
boreal forest ecosystems – and more recently, countries in the Near East and Asia – are experiencing stable 
or increasing forest areas. Between 1990 and 2010, the amount of forest land designated primarily for the 
conservation of biological diversity increased by 35 percent, indicating a political commitment to conserve 
forests. These forests now account for 12 percent of the world’s forests. 

Approximately 13.2 million people worldwide are formally employed in the forestry sector. Many more 
depend directly on forests and forest products for their living. In developing countries, wood-based fuels are 
the dominant source of energy for more than two billion mostly poor people. In Africa, over 90 percent of 
harvested wood is used for energy. Wood accounts for 27 percent of total primary energy supply in Africa, 
13 percent in Latin America and the Caribbean and five percent in Asia and Oceania. However, it is also 
increasingly used in developed countries with the aim of reducing dependence on fossil fuels. For example, 
about 90 million people in Europe and North America now use wood energy as the main source of domestic 
heating (FAO, 2014a).

Conclusion

Land cover and land use are essential factors to understand soil change. In particular, better cropland 
information, in terms of extent, purpose and intensity of use, is vital to understanding soil change and to 
formulating adequate responses. 

4.2 | Historical land cover and land use change

Since the early days of agriculture, human activity has altered vegetation cover and soil properties. ‘Land 
use change’ or ‘land cover change’ typically refers to changing from one type of vegetation cover to another 
(e.g forest to pasture, natural grassland to cropland). Although the terms land use change and land cover 
change are often used interchangeably, ‘land use’ is more typically used to refer to management within a land 
cover type. Land use is thus “characterised by the arrangements, activities and inputs people undertake in 
a certain land cover type to produce, change or maintain it" (FAO/UNEP, 1999). Land use change has been 
accelerated by migration and population increase as food, shelter, and materials are sought and acquired. It 
is estimated that humans have directly modified at least 70 million km2, or >50 percent of Earth’s ice-free land 
area (Hooke, Martín-Duque and Pedraza, 2012). 

For a long period of human activity, until about a thousand years ago, cropland and pasture occupied less 
than one to two percent each of the global ice-free land area (based on a range of data sources in Klein Goldewijk 
et al., 2011 and depicted in Figure 4.3; also see Ramankutty, Foley and Olejniczak, 2002). Subsequently, as the 
population centres of Europe, South Central Asia and Eastern Asia expanded, more land was converted from 
natural vegegation to cultivated lands. Cover of croplands and pastures was about two to four percent each 
by 1700 (Klein Goldewijk et al., 2011). By 1900, agriculture had further expanded in these areas, and spread to 
North America. Since 1900 rapid expansion has continued, including the arable areas of South America, Africa 
and Australia. As a result, today nearly all soils and climates suitable for cultivation in industralized countries 
are in use for crop production. In some of these countries, cropland expansion has been reversed in recent 
years, as with the EU set-aside programme. South America and Africa continue to convert land use to crop 
production. By 2000, global cropland cover had reached 11 percent and pasture cover 24 percent, according to 
Klein Goldewijk et al. (2011) based on FAO statistics. 
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Figure 4.3 | Historical land use change 1000 – 2005. 
Source: Klein Goldewijk et al., 2011.
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The net loss of natural land has been dominated by loss of tropical forests (3.3 million km2), tropical 
grasslands (6.8 million km2) and temperate grasslands (5.5 million km2). Quantification from satellite imagery 
of global forest change over the period 2000-2012 shows that tropical deforestation remains the predominant 
source of losses (Hansen et al., 2013). However, there has been a reduced rate of deforestation in some regions 
over the last decade, most notably in Brazil. This is coupled with a rising rate of afforestation in some areas in 
recent decades, notably in Europe and the United States, and more recently in China, Vietnam and India (FAO, 
2013).

4.3 | Interactions between soils, land use and management 

Many soils are subject to some degree of direct or indirect human disturbance. However, distinguishing 
natural from direct and indirect human influence is not always straightforward (Smith, 2005). Nonetheless, 
some human activities have clear direct impacts. These include land use change, land management, land 
degradation, soil sealing, and mining. The intensity of land use also has a great impact on soils. Soils are also 
subject to indirect impacts arising from human activity, such as acid deposition (for example, sulphur and 
nitrogen) and heavy metal pollution. In this section, we report the state-of-the-art understanding and the 
knowledge gaps concerning these impacts on soils.

4.3.1 | Land use change and soil degradation

Land cover change (Section 4.2), for example from forest or natural grassland to pasture or cropland, 
removes biomass and disturbs soils. This in turn leads to loss of soil carbon and other nutrients and to changes 
in soil properties and in soil biodiversity. Some land cover conversions – for example, afforestation after 
abandonment of cropland – can result in increases of soil carbon and nutrients. Land use that does not result 
in a change of cover, such as forest harvest and regrowth, or increasing grazing intensity, can nonetheless 
result in degradation of soil properties. 
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Degrading land covers approximately 24 percent of the global land area (35 million km2). 23 percent of 
degrading land is broadleaved forest, 19 percent needle-leaved forests, 20–25 percent rangeland (Bai et al., 
2008). The scale and nature of the changes are highly variable with type of land cover change, climate, and 
method of vegetation removal (e.g. land clearing fires, mechanical harvest). This section focuses on meta-
analyses of field data and global model results. The effects of land use changes within agricultural lands are 
dealt with in Section 4.3.2.

Impacts of land cover change

Wei et al. (2014) collated observations from 119 publications of 453 paired or chrono-sequential sites in 36 
countries where tropical, temperate, and boreal forests were converted to agricultural land. The SOC stocks 
were corrected for changes in soil bulk density after land-use change and only SOC in the upper 0–30 cm was 
considered. The SOC stocks decreased at 98 percent of the sites by an average of 52 percent in temperate 
regions 41 percent in tropical regions and 31 percent in boreal regions. The decrease in SOC stocks and the 
turnover rate constants both varied significantly according to forest type, cultivation stage, climate and 
soil factors. A meta-analysis (Guo and Gifford, 2002) of 74 publications across tropical and temperate zones 
showed a decline in soil C stocks after conversion from pasture to plantation (-10 percent), native forest to 
plantation (-13 percent), native forest to crop (−42 percent), and pasture to crop (−59 percent). Soil C stocks 
increased after conversions from native forest to pasture (+8 percent), crop to pasture (+19 percent), crop to 
plantation (+18 percent), and crop to secondary forest (+53 percent). Broadleaf tree plantations placed onto 
prior native forest or pastures did not affect soil C stocks whereas pine plantations reduced soil C stocks by – 12 
to – 15 percent. In this study, soil depth varied from less than 30 cm to more than 100 cm and was not adjusted 
to account for changes in bulk density with land use change.

In a meta-analysis of 385 studies on land use changes in the tropics (Don, Schumacher and Freibauer, 2011), 
SOC decreased when primary forest was converted to cropland (-25 percent), perennial crops (-30 percent) 
and grassland (-12 percent). SOC increased when cropland was afforested (+29 percent) or under cropland 
fallow (+32 percent) or converted to grassland (+26 percent). Secondary forests stored 9 percent less SOC than 
primary forests. Relative changes were equally high in the subsoil as in the surface soil (Don, Schumacher and 
Freibauer, 2011). In this study, SOC stocks were corrected to an equivalent soil mass and sampling depth was 
on average 32 cm. 

The response of soil organic carbon (SOC) to afforestation in deep soil layers is still poorly understood. Shi 
et al. (2013) compiled information on changes in deep SOC (defined as at least 10 cm deeper than the 0–10 
cm layer) after afforestation of croplands and grasslands (total 63 sites from 56 literature). The responses of 
SOC to afforestation were slightly negative for grassland, and significantly positive for cropland. The SOC in 
soil depth layers (up to 80 cm) was reduced after afforestation of grassland but not significantly. By contrast, 
conversion of cropland to forests (trees or shrubs) increased SOC significantly for each soil layer up to 60 cm 
depth. 

Poeplau et al. (2011) compiled 95 studies conducted on conversion in temperate climates. One finding 
was that topsoil (0-30 cm) SOC decreases quickly (~20 years) when cropland is established on grassland (-32 
percent) or forest (-36 percent). By contrast, long lasting (> 120 years) sinks are created through conversion 
of cropland to forest (+16 percent) or grassland (+28 percent). Afforestation of grassland did not result in 
significant long term SOC stock trends in mineral soils, but did cause a net carbon accumulation in the labile 
forest floor (e.g. 38 Mg ha-1 over 100 years). However, this carbon accumulation cannot be considered as an 
intermediate or long-term C storage since it may be lost easily after disruptions such as fire, windthrow or 
clear cut (Poeplau et al., 2011).



   | 56Status of the  World’s Soil Resources  |  Main Report 56Soils and Humans

Peatlands (organic soils) store a large amount of carbon which is rapidly lost when these peatlands are 
drained for agriculture and commercial forestry (Hooijer et al., 2010). A rapid increase in decomposition 
rates leads to increased emissions of CO2, and N2O, and vulnerability to further impacts through fire.  
The FAO emissions database estimates globally there are 250 000  km2 of drained organic soils under cropland 
and grassland, with total GHG emissions of 0.9   Gt   CO2eq   yr-1in 2010. The largest contributions are from 
Asia (0.44 Gt CO2eq yr-1) and Europe (0.18 Gt CO2eq yr-1; FAO, 2013). Joosten (2010) estimated that there are 
>500 000 km2 of drained peatlands in the world including under forests, with CO2 emissions having increased 
from 1.06  Gt  CO2  yr-1 in 1990 to 1.30  Gt  CO2  yr-1 in 2008. This is despite a decreasing trend in Annex I countries, 
from 0.65 to 0.49  Gt  CO2  yr-1, primarily due to natural and artificial rewetting of peatlands. In Southeast Asia, 
CO2 emissions from drained peatlands in 2006 were 0.61 ± 0.25 Gt CO2 yr-1 (Hooijer et al., 2010). 

Soil drainage also affects mineral soils. Meersmans et al. (2009) showed that initially poorly drained 
valley soils in Belgium have lost significant amount of topsoil SOC (e.g. between – 2 and – 4  kg  C  m-2 for the 
1960-2006 period). The cause is most probably intensified soil drainage in these environment for cultivation 
purposes.

A serious consequence of deforestation is extensive loss of carbon from the soil, a process regulated by 
microbial diversity. Crowther et al. (2014) assessed the effects of deforestation on soil microbial communities 
across multiple biomes, drawing on data from eleven regions ranging from Hawaii to Northern Alaska. The 
magnitude of the vegetation effect varied between sites. Deforestation dramatically altered the microbial 
communities in sandy soils, while the effects were minimal in clay-rich soils, even after extensive tree 
removal. Fine soil particles have a larger surface area to bind nutrients and water. This capacity might buffer 
soil microbes in clay-rich soils against the disturbance of deforestation. Sandy soils, by contrast, have larger 
particles with less surface area and so retain fewer nutrients and less organic matter. Microbial community 
changes were associated with distinct changes in the microbial catabolic profile. 

Dynamic Global Vegetation Models (DGVMs) can be used to look at the combined effects of land use 
change, climate, CO2, and in some cases N deposition, on vegetation and soil properties over time. In Table 
4.1, Figure 4.4 and Figure 4.5 we show results from three vegetation models: ISAM (Jain et al., 2013; El-Masri et 
al., 2013; Barman et al., 2014 a, b), LPJ-GUESS (Smith et al., 2001; Pugh et al., 2015) and LPJmL (Bondeau et al., 
2007; Schaphoff et al., 2013). The ISAM model includes a nitrogen cycle, N deposition and changes in soil N. 
The ISAM and LPJ-GUESS models were run with the HYDE historical land use change data set (History Database 
of the Global Environment, Klein Goldewijk et al., 2011). The LPJmL group combined three land use change data 
sets (Klein Goldewijk and Drecht, 2006; Ramankutty et al., 2008; Portmann, Siebert and Döll, 2010) with the 
global geographic distribution of agricultural lands in the year 2000 (Fader et al., 2010). The models were also 
run with historical climate and CO2 (and N deposition in the case of ISAM). Figure 4.4 shows the mineral soil C 
and N concentration of different land cover types in different geographic ranges while Table 4.1 and Figure 4.5 
show the loss of carbon due to historical land use change from 1860 to 2010. 

Differences between the models are large for some systems and regions due to different landuse change 
data, different land cover definitions, different processes included in the models, etc. For example, soil carbon 
losses are higher in the LPJmL model in part due to greater land cover change in their land cover reconstructions. 
The highest carbon losses are associated with the conversion of forests to croplands (Figures 4.4 and 4.5). 
While Table 4.1 shows the global mean soil carbon loss, the effects are not the same everywhere (Figure 4.5). 
This may be the case, for example, when forests are converted to pastures in regions where pastures strongly 
favour soil C accumulation. 
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Figure 4.4 | Soil carbon and nitrogen under different land cover types. 
Source: Smith et al. (in press).

Panel (a) shows mean soil carbon stocks; Panel (b) shows mean soil nitrogen stocks. Based on three 
vegetation models ISAM (Jain et al., 2013; El-Masri et al., 2013; Barman, Jain and Liang, 2014 a, b), LPJ-GUESS 
(Smith et al., 2001; Pugh et al., 2014); and LPJmL (Bondeau et al., 2007; Schaphoff et al., 2013). The soil carbon 
and soil nitrogen are the average over the period 2001 to 2010 (2003 for LPJmL) in model simulations with 
historical land-use change, climate, and CO2 (and N2 for the ISAM model). All ‘natural’ land is the mean of all 
lands without pasture or crop land cover. It includes ‘un-managed’ forest, grassland and shrubland categories 
and may include other land cover types depending on the models e.g. bare soil. 
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Figure 4.5 | Maps of change in soil carbon due 
to land use change and land management from 
1860 to 2010 from three vegetation models. 
Pink indicates loss of soil carbon, blue indicates 
carbon gain. The models were run with historical 
land use change. This was compared to a 
model run with only natural vegetation cover 
to diagnose the difference in soil carbon due to 
land cover change. Both model runs included 
historical climate and CO2 change.  
Source: Smith et al. (in press).

Panel (a) of Figure 4.5 shows cropland and pasture coverage in 2003. The model was run with historical land 
use change. This was compared to a model run with only natural vegetation cover to diagnose the difference 
in soil carbon due to land cover change up to year 2003 as shown in Panel (b). Both model runs included 
historical climate and CO2 change. Pink indicates loss of carbon due to land use, blue indicates areas of carbon 
gain.

Model Tropical Temperate Boreal Global

LPJ-GUESS 12.63 15.01 0.37 29.85

LPJmL 34.86 25.99 0.05 61.86

ISAM 17.24 37.83 5.28 60.35

Mean 21.57666667 26.27666667 1.9 50.68666667

Table 4.1 | Soil carbon lost globally due to land use change over the period 1860 to 2010 (PgC)  

Data are from three vegetation models ISAM (Jain et al., 2013; El-Masri et al., 2013; Barman, Jain and Liang, 
2014 a, b); LPJ-GUESS (Smith et al., 2001; Pugh et al., 2015); and LPJmL (Bondeau et al., 2007; Schaphoff et al., 
2013). Each model is run with and without historical land use change data and the difference between the ‘with 
land use change’ and ‘no land use change’ runs gives the loss due to land use change. The runs also included 
historical climate and CO2 and cover the period from 1900 to 2010.

Impacts of land management and degradation

Logging and fire are the major causes of forest degradation in the tropics (Bryan et al., 2013). Logging removes 
nutrients. Logging operations also cause soil disturbance affecting soil physical properties and nutrient levels 
(soil and litter) in tropical (e.g. Olander et al., 2005; Villela et al., 2006; Alexander, 2012) and temperate forests 
(Perez et al., 2009). Many physical, chemical, mineralogical, and biological soil properties can be affected by 
forest fires depending on fire regime (Certini, 2005). Increased frequency of fires contributes to degradation 
and reduces the resilience of the biomes to natural disturbances
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A meta-analysis of 57 publications (Nave et al., 2011) showed that fire had significant overall effects on soil 
C (-26 percent) and soil N (-22 percent). Fires reduced forest floor storage (pool sizes only) by an average of 59 
percent (C) and 50 percent (N), but the concentrations of these two elements did not change. Prescribed fires 
caused smaller reductions in C and N storage (-46 percent and – 35 percent) than wildfires (-67 percent and – 
69 percent). Burned forest floors recovered their C and N pools in an average of 128 and 103 years, respectively. 
Among mineral soil layers, there were no significant changes in C or N storage, but C and N concentrations 
declined significantly (-11 percent and – 12 percent, respectively). Mineral soil C and N concentrations were 
significantly reduced in response to wildfires but not after prescribed burning. 

A large field study in the Amazon (225 forest plots) examined the effects of anthropogenic forest disturbance 
(selective logging, fire, and fragmentation) on soil carbon pools. Results showed that the first 30 cm of the soil 
pool did not differ between disturbed primary forests and undisturbed areas of forest, suggesting a resistance 
to impacts from selective logging and understory fires (Berenguer et al., 2014). However, impacts of human 
disturbances on the soil carbon are of particular concern in tropical forests growing on organic soils.

Forest fires produce pyrogenic carbonaceous matter (PCM), which can contain significant amounts of fused 
aromatic pyrogenic C (often also called black C), some of which can be preserved in soils over centuries and 
even millennia. This was found to be the reason for similar soil organic C contents modelled for scenarios with 
and without burning in Australia: the loss in litter C input by fire was compensated by the greater persistence 
of the pyrogenic C (Lehmann et al., 2008). Dissolved pyrogenic carbon (DPyC) from burning of the Brazilian 
Atlantic forest continued to be mobilized from the watershed each year in the rainy season, despite the fact 
that widespread forest burning ceased in 1973 (Dittmar et al., 2012). Fire events are a source of carbonaceous 
aerosol emissions, and these are considered a major source of global warming (Kaufman, Tanre and Boucher, 
2002)

Shifting cultivation practices of clearing land through fire have been used for thousands of years but in 
recent years increasing demographic pressure has often reduced the duration of the fallow period and so 
affected system sustainability. A review by Ribeiro Filho, Adams and Sereni Murrieta (2013) reported negative 
impact on SOC associated with the conversion stage, although impacts depended on the characteristics of 
the burning. Chop-and-mulch of enriched fallows appears to be a promising alternative to slash-and-burn. A 
study in the Amazon (Comtea et al., 2012) found that this technique conserves soil bulk density and significantly 
increases nutrient concentrations and organic matter content compared to burnt cropland and to a control 
forest. 

Climate change and land use dynamics are the major drivers of dryland degradation with important 
feedbacks through changes in plant community composition – for example shrub encroachment or decrease 
in vegetation cover (D’Odorico et al., 2013). A review conducted by Ravi et al. (2010) indicated soil erosion as 
the most widespread form of land degradation in drylands, with wind and water erosion of dryland soils 
accounting for 87 percent of the land degradation. Grazing pressure, loss of vegetation cover, and the lack 
of adequate soil conservation practices increase the susceptibility of these soils to erosion. An analysis of 
224 dryland sites highlighted a negative effect of aridity on the concentration of soil organic C and total N, 
but a positive effect on the concentration of inorganic P (Delgado-Baquerizo et al., 2013). Because aridity is 
negatively related to plant cover, the authors argue that these effects might be related to the dominance in 
arid areas of physical processes such as rock weathering, a major source of P to ecosystems, over biological 
processes that provide more C and N, such as litter decomposition.

Grasslands, including rangelands, shrublands, pastureland, and cropland sown with pasture and fodder 
crops, covered approximately 3.5 billion ha in 2000. This represented 26 percent of the global ice-free land 
area and 70 percent of the agricultural area, and contained about 20 percent of the world’s soil organic carbon 
(C) stocks. Portions of the grasslands on every continent have been degraded due to human activities – about 
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7.5 percent of grassland worldwide has been degraded because of overgrazing (Conant, 2012). Grassland 
management and grazing intensity can affect the stock of SOC. A multifactorial meta-analysis of grazer 
effects on SOC density (17 studies that include grazed and ungrazed plots) found a significant interaction 
between grazing intensity and grass type. Specifically, higher grazing intensity was associated with increased 
SOC in grasslands dominated by C4 grasses (increase of SOC by 6–7 percent), but with lower SOC in grasslands 
dominated by C3 grasses (decrease of SOC by an average 18 percent). Impacts of grazing were also influenced 
by precipitation. An increase in mean annual precipitation of 600 mm resulted in a 24 percent decrease in 
grazer effect size on finer textured soils, while on sandy soils the same increase in precipitation produced a 22 
percent increase in grazer effect on SOC (McSherry and Ritchie, 2013).

4.3.2 | Land use intensity change

Land use intensity has increased in recent decades, largely driven by the need to feed a growing population, 
by shifts in dietary patterns towards more meat consumption, and by the growing production of biofuels. At 
the same time, fast urbanization has occupied more of the land, reducing the stock available for agricultural 
production. Intensification has been widely advocated because of the many negative environmental 
consequences of clearing natural ecosystems to expand agricultural areas.

However, intensifying management practices, such as fertilization, irrigation,   tillage and increased 
livestock density, can have negative environmental impacts (Tilman et al., 2002).   Intensifying land use can 
potentially reduce soil fertility. Intensification can also reduce soil resilience to extreme weather under climate 
change, to pests and biological invasion, to environmental pollutants and to other disasters.   This section 
provides an overview of the benefits and consequences of intensifying use of agricultural lands. The section 
also highlights examples of how negative consequences can be minimized.

Several factors influence the increase in land use intensity during the recent decades. On the demand side, 
three main factors are at play: (I) the need to meet the food, fibre, and fuel demands of a growing population; 
(II) an increase in meat consumption as developing nations become wealthier and tastes change; and (III) 
rising demand for crops for biofuels. On the supply side, settlements are occupying more land and so reducing 
the land available for agriculture.

To meet the increased demand, it is estimated that food production will need to increase by 70-100 
percent by 2050 (World Bank, 2008; Royal Society of London, 2009; Keating et al., 2014). Of the two 
pathways of increasing production—intensification and expansion—intensification is widely promoted as 
the more sustainable option because of the negative environmental consequences of land expansion through 
deforestation and conversion of wetlands to cultivation (Foley et al., 2011; MA, 2005). However, the current 
increase in land use intensity is generally not sustainable. In order to give a clear picture of  the effects of 
increased land use intensity, this section is organized according to the primary management practices that 
characterize intensification of agricultural lands (see Table 4.2 for summary). 

Nutrient management 

Nutrient inputs, from both natural and synthetic sources, are needed to sustain soil fertility and to supply 
the nutrient needs of higher yielding crop production. Intensification in recent years has led to the annual 
global flows of nitrogen and phosphorus now being more than double the natural levels (Matson et al., 
1997; Smil, 2000; Tilman, 2002). The trend is still increasing – in China, for example, N input in agriculture in 
the 2000s was more than double the levels of the 1980s (State Bureau of Statistics-China, 2005). Nutrient 
management is particularly intensive in greenhouse production systems. In some parts of Asia, for example, 
up to six tons of chemical nutrient and hundreds tons of organic fertilizers are applied per hectare each year 
in order to achieve high yielding multiple cropping of vegetables (Liu et al., 2008). Between 50-60 percent of 
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the nutrient inputs remain in the croplands after harvest (West et al., 2014). When these nutrients are later 
mobilized, they become a major source of pollution to local, regional and coastal waters (Carpenter et al., 
1998). Intensive nutrient input in agriculture has been shown to be a major cause of eutrophication and algae 
blooming in lakes and inshore waters. In addition, over-use of nitrogen chemical fertilizers has been found in 
many locations globally to be a cause of acidification and accelerated decomposition of soil organic matter, 
leading to further soil degradation in over-fertilized soils (Ju et al., 2009; Tian et al., 2012). 

Nutrient inputs also affect the earth’s climate. Globally, approximately one percent of nitrogen additions 
are released to the atmosphere as nitrous oxide (N2O), a gas which has 300 times the warming power of 
carbon dioxide (Klein Goldewijk and van Drecht, 2006). China, India, and the United States account for ~56 
percent of all N2O emissions from croplands, with 28 percent originating from China alone (West et al., 2014). 

One remedy is to increase the efficiency of nutrient use. Nutrient efficiency can be significantly increased – 
and N2O emissions can be reduced – through changes in the rate, timing, placement, and type of application 
of nutrients, and by improving the balance amongst nutrients applied (Venterea et al., 2011). In addition, if best 
management practices are used, agricultural soils have the potential to be carbon storage areas (Paustian 
et al., 2004; Smith, 2004). Technological improvements are being made to the production of biochar which 
converts a fraction of the C present in the original material into a more persistent form through carbonisation. 
Biochar can then be used as a soil amendment to provide agronomic and environmental benefits (Lehmann 
and Joseph, 2015). In many cases, the presence of biochar has caused a reduction in N2O emissions, especially 
when these originate from denitrification. However, the mechanics of the process are not yet fully understood 
(Cayuela et al., 2013; 2014).

The effect of pesticides on soil biodiversity

The large-scale use of pesticides may have direct or indirect effects on soil biodiversity. With the 
intensification of agriculture, the use of pesticides has increased worldwide to approximately two million 
tonnes per year (herbicides 47.5 percent, insecticides 29.5 percent, fungicides 17.5 percent, other 5.5 percent 
by De et al. (2014)). Studies of the effect that pesticides have on soil biodiversity have shown contradictory 
results. Effects are dependent on a variety of factors including the chemical composition, the rate applied, 
the buffering capacity of the soil, the soil organisms in question, and the time-scale. For example, Boldt and 
Jacobsen (1998) tested the effects of sulfonylurea herbicides on strains of fluorescent pseudomonads cultured 
from agricultural field soils. They found that the herbicide Metsulfuron methyl was toxic to the majority of 
fluorescent pseaudomonads (77 strains) in low concentrations, while Chlorsulfuron was only toxic at high 
concentrations, and Thifensulfuron methyl was toxic only to a few strains, even at high concentrations. 

In a review by Bünemann, Schwenke and Van Zwieten (2006) of the effects of pesticide application on 
soil organisms, there were no data available for 325 of 380 active constituent pesticides registered for use in 
Australia. The review thus effectively highlighted the huge gap in knowledge. A synthesis of the impact of 
herbicides on non-target organisms concluded that herbicides did not have a major effect on soil organisms 
(Bünemann, Schwenke and Van Zwieten,  2006) with the exception of butachlor, which was toxic to 
earthworms when applied at typical agricultural rates (Panda and Sahu, 2004). In addition, the application of 
bromoxynil herbicides caused a shift in the communities of four out of five targeted bacterial taxa even after 
degradation of the herbicide (Baxter and Cummings, 2008). Avoidance behaviour to phendimedipham has 
also been observed for collembola (Heupel, 2002) and earthworms (Amorim, Rombke and Soares, 2005). 

Insecticide application, however, has a much greater effect on soil biota, including changes in microbial 
community composition (Pandey and Singh, 2004), lower collembolan abundance (Endlweber, Schadler and 
Scheu, 2005) and earthworm reproduction. Because some species of earthworm such as Eisenia Fetida can be 
easily bred and because they ingest large quantities of organic matter in the soil, earthworms have often been 
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used as bioindicators of chemical toxicity in soils (Yasmin and D’Souza, 2010). A variety of studies have reported 
changes in earthworm reproductive rates, growth rates and weight loss when the pesticides Malathion 
(Espinoza-Navarro and Bustos-Obregon, 2005), Chlorpyrifos (Zhou et al., 2007; De Silva et al., 2010), Benomyl 
(Römbke, Garcia and Scheffczyk, 2007), Carbofuran (De Silva et al., 2010) were applied to soil in laboratory 
experiments. Non-target effects of insecticide applications may be highly dependent on the organism since 
field application of Chlorpyrifos did not affect the abundance of soil predatory mites (Navarro-Campos et al., 
2012). Fungicides have also demonstrated significant negative effects on earthworms (Eijsackers et al., 2005). 
In particular, copper-based fungicides that are resistant to degradation have caused long-term reductions in 
earthworm populations (Van Zwieten et al., 2004).

Although an assessment of soil food webs across Europe did not specifically focus on pesticide application, 
the study demonstrated that land-use intensification was related to decreased diversity of soil fauna and 
resulted in less diversity among functional groups. Larger soil animals showed the most sensitivity (Tsiafouli 
et al., 2015). However, there have been no such comprehensive studies to quantify the effects of pesticides on 
soil organisms at multiple trophic levels across regions. Such studies need to consider also the indirect effect 
of pesticides, including interactions between pesticides and biotic factors. Since below-ground biodiversity 
is intimately linked to above-ground vegetation patterns (De Deyn and van der Putten, 2005) and vice versa 
(Bardgett and van der Putten, 2014), changes in plant diversity resulting from herbicide may cause indirect 
effects of herbicide application. 

Water management

The area of irrigated croplands has doubled in the last 50 years and irrigation now accounts for 70 percent 
of all water diversions on the planet (Gleick, 2003). Irrigated areas account for 34 percent of crop production, 
yet only cover 24 percent of all cropland area (Siebert and Doll, 2010). With the increased frequency of 
drought under climate change, demand for agricultural water is rising in many locations. Not surprisingly, 
irrigation is most commonly used in more arid areas. Where a high proportion of available water is used for 
agriculture, this can cause water stress for both people and nature. Water efficiency can be improved through 
infrastructure and through better management practices. Irrigation can potentially increase soil salinity in 
dry regions (Ghassemi, Jakeman and Nix, 1995). Where salinization occurs, additional irrigation is needed to 
‘flush’ the salts beyond the root zone of the crops. This additional water requirement can further exacerbate 
water stress.

Harvest frequency

Land use intensity can also be increased by harvesting a parcel of farmland more frequently (double 
cropping, triple cropping). Approximately 9 percent of crop production increases from 1961-2007 came from 
increases in the harvest frequency (Alexandratos and Bruinsma, 2012). As more land was double cropped, the 
global harvested area increased four times faster than total cropland between 2000 and 2011 (Ray and Foley, 
2013). In addition, with global warming, the areas suited for double or even triple cropping are extending into 
subtropical and warm temperate regions (Liu et al., 2013a). The factors involved in this fast rate of increase 
include: fewer crop failures; fewer fallow years; and an increase in multi-cropping. 

Greenhouse production has allowed multiple cropping around the world. For fruit and vegetable crops, 
world greenhouse cultivated area reached a total area of 408  890 ha in 2013, which includes as many as five 
harvests in a single year. This increasing harvest frequency has reduced soil quality through soil compaction 
and has increased the risk of pathogen diseases. The intensive use of pesticides and herbicides in greenhouses 
not only affects soil quality but creates risks to human health. In some greenhouse systems, long term 
multiple cropping has led to soil acidification, salinization and biological deterioration, especially where large 
amounts of fertilizer and pesticide/herbicide have been used. In these situations, there is a need to improve 
management practices, using organic matter, balancing nutrient additions and adopting intermittent fallow. 
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Livestock density

Livestock production is projected to increase to meet the growing demand for livestock products from 
a rising population and from an increase in per capita consumption. The greatest increases in per capita 
demand are projected to be in developing and transition countries (Bouwman et al., 2006). Since the 1970s, 
most increases in livestock production have resulted from intensification, with a shift to a greater fraction 
of livestock raised in industrial conditions (Bouwmann et al., 2006). For example, 76-79 percent of pork and 
poultry production is now industrialized (Herrero et al., 2013). 

Industrial livestock production systems can be highly polluting. The manure from animals, the inputs for 
growing animal feed, and the soil loss from intensively managed areas can all be major sources of water 
pollution to local and downstream freshwater ecosystems. Where natural ecosystems are cleared and 
converted to pasture, particularly in arid and semi-arid regions, the lands are typically low potential and have 
a high risk of soil erosion and soil carbon/nutrient depletion (Delgado et al., 1999; Seré and Steinfeld, 1996). 
The soils capacity for water storage and their biodiversity are also at risk. Moreover, intensified livestock 
production requires an increased use of veterinary medicines, sulfa-antibiotics and hormones, all of which 
carry risks of pollution to soil, water and the livestock products themselves, with risks to biological and human 
health.

Forestry harvest and wetland draining

Forests and wetlands and their soils are massive reservoirs of carbon. In fact, forest soils store approximately 
the same amount of carbon as the living biomass of the forest itself (FAO, 2010). Wetlands are important 
not only for the huge carbon pool they contain but also for their role in the hydrological cycle. However, 
wetlands along big river banks, lakes and estuaries have been increasingly developed for croplands/bioenergy 
production in recent decades, particularly in Asia. The majority of soil carbon is concentrated in peatlands 
within the boreal forest as well as tropical forests in Southeast Asia. Around the world, deforestation causes 
~25 percent of the total loss of soil carbon (Guo and Gifford, 2002; Murty et al., 2002). This loss largely stems 
from oxidation of the organic matter and from soil erosion. In China over the last four decades, almost 1.3 
million ha of wetlands have been converted to crop production, causing the loss of about 1.5 Pg C of soil carbon 
(Zhang et al., 2009). Deforestation continues through conversion to agriculture and through extraction of 
forest products. Between 2000 and 2012, there was a new loss of 1.5 million square kilometres of forests, with 
the most pronounced trend in the tropics (Hansen et al., 2013). Soil erosion and organic matter oxidation can 
be reduced through selective tree harvesting rather than clear felling, and by avoiding deforestation on steep 
slopes. Draining and cultivating wetlands can also affect local and regional water storage.
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Research needs
It will be evident from the discussion in this section that much remains to be learned. Amongst the priority 

research questions are the following:
1. Sustainable intensification – How can we get the benefits from intensification while minimizing the 

associated environmental and social costs?
2. Trade-offs between soils and efficiency – How can we manage for resilient soil and related ecosystem 

services while continuing to maximize efficiency? To what extent can we have both?
3. Soil degradation and intensification – What is the extent of degraded soils? There are currently no sound 

estimates. What portion of degraded soils can be attributed to un-sustainable intensification?
4. Options and trade-offs for improved soil management – What can we learn from management practices 

used in intensification areas to help restore degraded soils? Are there any options that can integrate 
best management practice for sustainable intensification? What are the short – and long-term trade-
offs of resource use and sustainability? What are the environmental and social costs and economic 
benefits of land use intensification?

5. Farming practices and soil health – How do changes in harvest frequency and crop rotation affect soil 
resilience? How much change is needed to restore degraded soils?

Land 
intensification

Sector Distribution Major 
environmental 
consequence

Knowledge gap

Cropping 
intensification 

Harvest 
frequency 

Globally Soil quality and 
resilience

Ecosystem service

Continuing 
monoculture

Developing 
and transition 
countries

Soil health, 
pesticide residue 

Biological resilience

Nutrient 
intensification 

Over fertilization Developing 
countries

Soil acidification, 
water pollution, 
N2O  emission 
and nitrate 
accumulation

Rate reducing versus 
balancing?

Irrigation Submerged Rice Developing 
countries, Asia

Water scarcity, 
methane 
emission

Trade-offs C and water, 

Dry crops Arid/semi-arid 
regions

Secondary 
salinization, 
water scarcity

Competition for water

Livestock 
intensification

Over grazing Developing 
countries

Soil degradation, 
water storage, 
C loss

Forage versus feed crops?

Industrial 
breeding

Industrialized 
countries

Waste, water 
pollution, residue 
of veterinary 
medicine and 
antibiotics 

Safe waste treatment 
and recycling

Forest clearance, 
wetlands 
drainage

Deforestation. 
wetland shrink

Developing 
and transition 
countries

Biodiversity, 
natural wealth, 
C loss

Agro-benefit versus 
natural value

Table 4.2 | Threats to soil resource quality and functioning under agricultural intensification
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4.3.3 | Land use change resulting in irreversible soil change

In this section we deal with soil sealing and mining, which have been identified as two important soil 
degradation processes occurring around the world. The current extent and rate of growth of soil sealing and 
mining are significant, and create considerable risks to essential ecosystem services. These changes in land 
use nearly always require a trade-off between various social, economic and environmental needs.

Sealing and land take

The ongoing urbanization and conversion of the landscape with settlements, infrastructure and services is 
occurring in many regions. Europe and Asia, in particular, are experiencing high rates of urban expansion and 
urban sprawl, and there are often insufficient incentives to re-use brownfield sites. These factors are causing 
an increase in land take and soil sealing. The drivers are essentially economic and demographic growth. In 
Europe, America and Oceania, at least 70 to 80 percent of the population currently lives in urban areas. The 
rate of urbanization is expected to continue to increase, particularly in Asia and Africa. 

The concept of land take covers all forms of conversion for the purpose of settlement, including: the 
development of scattered settlements in rural areas; the expansion of urban areas around an urban nucleus; 
the conversion of land within an urban area (densification); and the expansion of transport infrastructure such 
as roads, highways and railways. Broadly, this discussion considers as land take any conversion of agricultural, 
natural or semi-natural land cover to an ‘artificial’ (e.g. human-made) area. Artificial land cover classes are 
categorized in the Corine Land Cover system – see Table 4.3. 

A greater or smaller part of land take will result in soil sealing. Soil sealing means the permanent covering 
of an area of land and its soil by impermeable artificial material such as asphalt or concrete, for example 
through buildings and roads. As shown in Figure 4.6, the sealed area is only part of a settlement area. Gardens, 
urban parks, leisure areas and other green spaces within the boundaries of settlements are not covered by an 
impervious surface or are only partially covered. They thus form part of a land take but do not contribute to 
soil sealing (Prokop, Jobstmann and Schöbauer, 2011.) The ratio between sealed area and total area for a given 
land use class is measured by the soil sealing index. An example of this index, calculated for the Italian region of 
Emilia-Romagna, is shown in Table 4.4.

Table 4.3 | Artificial areas in Corine Land Cover Legend
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A) Typical structure of settlement  B) Sealed areas about 70 percent (black color)

Figure 4.6 | Schematic diagram showing areas sealed (B) as a result of infrastructure development for a settlement (A). 
Source: European Union, 2012.

Table 4.4 | Artificial areas in Emilia Romagna according to the Corine Land Cover Legend and 
sealing index.
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Impact of land take

Land take, by its definition, is the subtraction of an area from a previous agricultural, natural or semi-natural 
land use. According to this definition, the most obvious impact on the ecosystem services that can be provided 
by soil is on the production of biomass, and in particular of food. To clarify the concept, we may imagine that 
a city expands its urbanized area by a new allotment of 100 ha created at the expense of agricultural land. This 
area will be covered by buildings, private and public gardens, commercial centres, roads, etc. The entire area 
will clearly lose most of its capacity to produce food, with the possible minor exception of family horticulture 
in unsealed areas such as gardens or allotments. Had the entire area been previously cultivated with, say, 
winter wheat with an average yield of 5 tonnes ha-1, the total loss in terms of food production potential will be 
equal to 500 tonnes of winter wheat per year.

Other ecosystem services are at risk also. Water infiltration and purification and carbon storage are mainly 
reduced by the effective sealed area, and not by the entire land taken. Support to biodiversity is clearly affected, 
although the degree depends on the different groups of organisms and also on the design of the urbanized area. 
In this context, a positive mitigation role can be played by ‘Urban Green Infrastructure’ – the incorporation of 
a network of high-quality green spaces and other environmental features. Green Infrastructure can include 
natural areas as well as human-made rural and urban elements such as urban green spaces, reforestation 
zones, green bridges, green roofs, eco-ducts to allow crossing of linear barriers, corridors, parks, restored 
floodplains, biodiverse farmland.

Regulation of land take and mitigation of its impacts

Where policy aims to minimize land take, measures can be implemented to encourage re-use of existing 
urban areas such as derelict areas, brownfields and upgrading of degraded neighborhoods. Measures 
promoting densification of existing urban areas can also contribute to the reduction of land take.

Fiscal measures can prevent speculative urban sprawl. A number of municipalities, and regional 
governments, especially in Europe, have already adopted policies designed to achieve zero net urban expansion. 
However, zero expansion becomes more problematic when there is significant demographic pressure and a 
high rate of rural to urban migration. 

Rational and efficient urban planning and intelligent building and infrastructure design can also help 
reduce land take. In the past, urban planners, architects and civil engineers too often considered soil as a raw 
material, abundantly available and of limited value. Examples of efficient consideration of the value of soil in 
urban development include: the construction of parking lots in the basement of buildings; and ‘green’ covering 
of areas that are only occasionally used, such as parking lots for exhibitions and fairs etc.

Where expansion of urban and built-up areas is a policy and planning imperative, intelligent urban planning 
needs to take account of the soil dimension to mitigate the impact of land take. An education process is 
needed to make urban planners aware of the value of soil quality and land capability and of the options for 
mitigating negative impacts of land take.

Impacts of soil sealing

Sealing by its nature has a major effect on soil, diminishing many of its benefits. Normal construction 
practice is to remove the upper layer of topsoil, which delivers most of the soil-related ecosystem services, 
in order to be able to develop strong foundations in the subsoil or underlying rock to support the building or 
infrastructure. Where strong foundations are not required, only a thin layer of topsoil is generally excavated 
and the surfaces are simply covered by a layer of impervious material, such as asphalt or concrete. Both 
techniques impair or eliminate the soil’s capacity to deliver ecosystem services.
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The main impacts include the following.
 
1. Water infiltration and purification are lost, and regulation of the water cycle is completely altered. The 

concentration time of water flow is shortened, promoting flood events.
2. Soil biodiversity is impaired, as sealing prevents the production, release and recycling of organic material, 

so affecting the soil biological communities (Marfenina et al., 2008). In addition, the alteration of soil 
water regimes, soil structure and redox potential have a strong impact on soil biodiversity.

3. Soil carbon storage potential is fundamentally altered (Jones et al., 2005), particularly where topsoil, 
which normally contains about half of the organic carbon in mineral soils, is stripped off. 

4. The urban microclimate is altered. The reduction of evapotranspiration in urban areas due to the loss of 
vegetation and through alteration of albedo strengthens the ‘urban heat island’ effect (Früh et al., 2011).

Prevention of soil sealing and mitigation of its impacts

Appropriate mitigation measures can be taken in order to maintain some of the ecosystem functions of 
soils and to reduce negative effects on the environment and human well-being. Key options available to urban 
planners and managers include: (I) minimizing conversion of green areas; (II) re-use of already built-up areas, 
such as brownfield sites; (III) using permeable cover materials instead of concrete or asphalt; (IV) supporting 
Green Infrastructure (see above); and (V) providing incentives to developers to minimize soil sealing.

In practice, planners need to be able to evaluate the tradeoffs and ensure that policy instruments are used 
to ensure optimal outcomes which consider both human needs for urbanization and the preservation of the 
integrity of the soil and its services:

1. Existing policies for development of settlements and infrastructure should be reviewed and adapted to 
take account of the value of soils, particularly where subsidies or other incentives are driving unplanned 
land take and soil sealing (Prokop, Jobstmann and Schöbauer, 2011).

2. An integrated approach to urban planning should be followed. Existing best practice has demonstrated 
that soil sealing can be limited, mitigated and compensated. This requires that spatial planning 
follow an integrated approach and involve the full commitment of all relevant public authorities and 
governance entities responsible for land management, such as municipalities, counties and regions 
(Siebielec et al., 2010).

3. Specific regional and local approaches can be developed. These could, for example, take into account 
unused resources at the local level such as a particularly large number of empty buildings or brownfield 
sites.

Mining
 Ancient mining
Mining is the extraction from the Earth of rocks, valuable minerals, and other geological materials of economic 

interest. It is one of the most ancient activities in human history (Mighall et al., 2002; Shotyk et al., 1998). 
Mining for specific materials such as quartz, silex and clays began as far back as the Palaeolithic – the Old 
Stone Age – when the first stone tools were developed. In the Neolithic era – the New Stone Age – flint mines 
existed in Belgium, Britain and elsewhere. Landscape records and evidence from bogs show that mining 
activities became more intense with the development of metal tools in the Bronze Age, and subsequently 
in the Iron Age (Martínez-Cortizas et al., 2002; Shotyk et al., 1998). Examples of the environmental impact 
of ancient mining are numerous (Figure 4.7) (López – Merino et al., 2010; Grattan, Huxley and Pyatt, 2003; 
Fernández Caliani, 2008). 

http://en.wikipedia.org/wiki/Value_(economics)
http://en.wikipedia.org/wiki/Mineral
http://en.wikipedia.org/wiki/Geology
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Figure 4.7 | (A) Panoramic view of Las Medulas opencast gold mine (NW Spain). The Roman extractive technique – known as ‘ruina 
montis’ – involved the massive use of water that resulted in important geomorphological changes; (B) Weathered gossan of the Rio 
Tinto Cu mine, considered the birthplace of the Copper and Bronze Ages; (C) typical colour of Rio Tinto (‘red river’ in Spanish), one of 
the best known examples of formation of acid mine waters. These are inhabited by extremophile organisms. 
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Impact of mining

The impact of mining on the environment differs greatly depending on the type of extraction, the ore 
or material exploited, and the method used to process the material extracted (Moore and Luoma, 1990). 
Traditional underground mining, which follows profitable veins beneath the earth’s surface, has less impact 
than open cast mining activities – also referred to as strip mining − which grew very rapidly in the last hundred 
years (Salomons, 1995). In some instances, entire mountains have been literally blasted apart to reach thin ore 
vein seams within, leaving permanent scars on the landscape. Nonetheless, mining operations themselves 
affect relatively small areas. By contrast, significant environmental problems are caused by tailing and waste 
rock deposits and by subsequent smelting operations. Pollutants can be transferred to surrounding areas by 
acid mine drainage or by atmospheric deposition of wind-blown dust. The incidence of these problems depends 
on local climatic and hydrologic conditions (Aslibekian and Moles 2003; Batista, Abreu and Serrano, 2007; 
López, Gónzalez and Romero, 2008). Other environmental effects, in addition to those caused by pollutants, 
include deforestation, erosion and formation of sinkholes (Meuser, 2010; Hester and Harrison, 2001). 

Only a small fraction of the material extracted is valuable ore. The ore needs to be separated by milling 
and flotation from the large volume of other material discarded as tailings. When the remaining concentrate 
is refined by processes such as smelting, flue dust and slag are produced (Hutchinson, 1979). Atmospheric 
contamination has commonly occurred throughout the world during smelting operations, leading to 
contaminated soils and risks to livestock (Down and Stocks, 1977; Munshower, 1977). Mining for coal, gold, 
uranium, wolfram, tin, platinoids and, in particular, poly-metallic sulphides has created large environmental 
impacts on soil, water and biota. Sulphide minerals include iron sulphides such as pyrite and pyrrhothite, 
and other poly-metallic sulphides, such as those containing Cu, Pb, Zn, Hg, Cd, Tl, Sb, Bi etc. These sulphides 
can also in some instances combine with arsenides or selenides to form sulfoarsenides or sulfoselenides 
(Evangelou, 1995; Abreu et al., 2010). 

Sulphide minerals oxidise when brought to surface conditions (Nordstrom and Southam, 1997; Nordstrom 
and Alpers, 1999). The sulphide oxidation can cause extreme changes in Eh and pH (Figure 4.8) – negative 
pH values (as low as -3.6) have been measured in the acid mine waters of the Richmond mine in California 
(Nordstrom and Alpers, 1999). Depending on the local geochemical and hydrological conditions, sulphide 
oxidation can also affect the electrical conductivity of the system and may lead to elevated concentrations 
of many toxic elements in soils and waters nearby. Waters downstream of these mine systems (Figure 4.7C) 
are frequently hyperacid, hyperoxidant and hyperconductive. These waters may exhibit high activities of: (I) 
various metal species such as Al+3, Al-SO4); (II) heavy metal species, for example Cu+2, Cd+2, Zn+2, Hg+2 y Hg0; 
and (III) metalloids, including arseniates, arsenites and seleniates (Sengupta, 1993; Macías, 1996; Monterroso, 
Alvarez and Macías, 1994; Monterroso et al., 1998, 1999; Azcue, 1999). Smelting operations of sulphide minerals 
also generate SO2, which, if not recovered, is released into the atmosphere and thus contributes to acid 
deposition (described in Section 4.4). 
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The mining of gold deserves special attention given its contribution to Hg emissions (Drude de Lacerda, 
2003). Mercury is used to concentrate the fine gold particles through amalgamation and then the gold is 
separated from the amalgam by applying heat. When this process is carried out under uncontrolled conditions 
– as in small-scale gold mining (Drude de Lacerda, 2003) – Hg volatilises to the atmosphere. Tailings from Hg 
amalgamation are then leached with cyanide, and waste contaminated with metals and cyanide is released 
into the environment (Veiga et al., 2009). Arsenic exposure has also been recorded in many gold and base 
metal producing countries (Williams, 2001). However, arsenate and arsenite mobilisation can be controlled 
with soil colloidal compounds such as reactive Fe and Al (Goldberg, 2002).

As materials from mining are exposed to the environmental conditions of the Earth’s surface, these minesoils 
develop through weathering (Sencindiver and Ammons, 2000). However, their properties differ considerably 
from the original soil. They contain a high percentage of rock fragments, a low nutrient content, and elevated 
levels of potentially harmful trace elements. They also usually lack a distinct horizonation. These soils are 
in fact very young soils characterised by properties that limit their functions and their capability to support 
vegetation (Macias, 1996; Vega et al., 2004; Abreu and Magalhães, 2009). When the overburden contains 
sulphidic material such as pyritic mine waste, the major weathering process is the oxidative dissolution 
of pyrite. Here the rate of soil formation is mainly controlled by the sulphide content and its particle-size 
distribution, causing strongly acidic conditions, as described above (Neel et al., 2003; Haering, Daniels and 
Galbraith, 2004). Quite often, restoration of mine soils requires the addition of exogenous material to correct 
the extreme pH, Eh and/or EC values and the anomalous concentrations of toxic elements common in these 
systems which are generally bioavailable and susceptible to mobilisation.

Figure 4.8 | Eh-pH conditions of thionic/sulfidic soils and of hyperacid soils. 
Source: Otero et al., 2008.
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The formation of sulfidic material requires strongly reducing conditions and slight acidity. Once these 
are oxidised, and in the absence of minerals with high acid buffering capacity, extremely acid and oxidising 
conditions are generated. The dashed envelope in Figure 4.8 is the approximate extent of redox-pH conditions 
of mineral soils (with the exception of hyper-acid soils).

Preventing impacts from mining

The rehabilitation of abandoned mines is a difficult and costly task. In fact, in many instances, the 
landscape cannot be repaired. Some mining methods may have significant environmental and public health 
effects. The Aznalcollar pyritic sludge spill (SW Spain) (López-Pamo et al., 1999; Grimalt, Ferrer and McPherson, 
1999; Aguilar et al., 2004; Calvo de Anta and Macias, 2009) is such an example. It occurred in 1998 in the 
surroundings of Doñana Park − the largest reserve of bird species in Europe − as a result of the failure of a 
tailings dam which contained several million tons of pyrite stockpile, flotation tailings and acid waters. The 
toxic spill contaminated ca. 26 km2 of riverbanks and adjacent farmlands, extending 45 km downstream, with 
an estimated quantity of 16 000 tonnes of Zn and Pb, 10 000 tonnes of As, 4 000 tonnes of Cu, 1 000 tonnes 
of Sb, 120 tonnes of Co, 100 tonnes of Tl and Bi, 50 tonnes of Cd and Ag, 30 tonnes of Hg, and 20 tonnes of Se. 

Mining operations have a responsibility to protect the environment: air, water, soils, ecosystems and 
landscape. Many countries require reclamation plans for mining sites to follow environmental and rehabilitation 
codes. Nonetheless, mine restoration is still problematic, mainly because the environmental impacts were 
only recently understood or appreciated (Azcue, 1999; Sengupta, 1993). In addition, the technology available 
has not always been adequate to prevent or control environmental damage. Restoration of such systems 
requires a thorough understanding of material properties and their geochemistry. Only through such an 
understanding can the current and future behaviour of such systems be predicted and appropriate decisions 
taken to ensure their restoration (Gil et al., 1990; Macías-García, Camps Arbestain and Macías, 2009; Macías-
García et al., 2009). 

Development of tailor-made Technosols to restore mine soils

Technosols are defined by the FAO (2014b) as those soils with recent human activities in industrial and urban 
environments which have resulted in the presence of artificial and human-made objects. Technosols often 
result from the abandonment of urban, mining or industrial waste. These soils tend to have a large content of 
artefacts – that is objects that are either human-made, strongly transformed by human activity, or excavated 
(e.g. mine spoils, rubbles, cinders) (FAO, 2014b). 

Throughout history, humans have formed soils – ‘anthropogenic soils’ - and in certain cases these soils have 
proved more fertile that natural soils nearby (Sombroek, Nachtergaele and Hebel, 1993). Thus, it is feasible 
to produce specific Technosols which can fulfil the environmental and productive functions of natural soils – 
essentially, tailor-made Technosols. This may require the formulation and mixing of artefacts and other waste 
materials such as manure and biosolids. The production of these Technosols could be a feasible technique 
through which waste products are reused and the elements they contain are returned to their biogeochemical 
cycles, while restoring degraded areas and contributing to the sequestration of C in soils and biomass (Macias 
and Camps Arbestain, 2010). 

Environmental problems associated with this use of Technosols may be prevented if: (I) the characteristics 
of the materials used provide the soil with adequate buffering properties against contaminants, pH and/or 
redox changes; and (II) there is a good understanding of how the constituent mixtures will evolve over time 
under the pedoclimatic conditions of the area to be restored. Figure 4.9 illustrates the benefits of the use 
of tailor-made Technosols in the restoration of an abandoned Cu mine rich in pyrite (Macías-García, Camps 
Arbestain and Macías, 2009; Macías-García et al., 2009; Macías and Camps Arbestain, 2010). 
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Figure 4.9 | Use of different Technosols derived from wastes in the recovery of hyperacid soils and waters in the restored mine of 
Touro (Galicia, NW Spain). 
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4.4 | Atmospheric deposition

4.4.1 | Atmospheric deposition

The impacts of the deposition of atmospheric pollutants on soils vary with respect to soil sensitivity to 
a specific pollutant and to the total pollutant load. Anthropogenic emissions of sulphur, nitrogen and trace 
elements to the atmosphere mainly derive from fossil fuel and waste combustion in, for example, power 
generation, incineration, industry and transport. Emissions may also derive from non-combustion processes 
such as agricultural fertilizers or waste amendments. Mining activities may also contribute, for example 
Hg mining. Once in the atmosphere, these pollutants can be transported off-site and even cross national 
borders before being deposited either as dry or wet deposition. Deposition is more accentuated in forests, 
especially in coniferous forests (because of reduced wind speeds) and in areas of high elevation because of high 
precipitation rates. 

Once in the soil, pollutants can be mobilised by being: (I) released back to the atmosphere; (II) made available 
to biota; (III) leached out to surface waters; or (IV) transported to other areas by soil erosion. Pollutants disrupt 
natural biogeochemical cycles by altering soil functions. This disruption may come about through direct 
changes to the nutrient status, acidity, and bioavailability of toxic substances, or through indirect changes 
to soil biodiversity, plant uptake and litter inputs. Soil sensitivity to atmospheric pollution varies with respect 
to: (I) key properties influenced by geology and associated pedogenesis such as cation exchange capacity, 
soil base saturation, aluminium, or rate of base cation supply by mineral weathering); (II) organic matter 
content and carbon to nitrogen ratio (C:N); and (III) position of the water table. When atmospheric pollution 
is associated with sulphate deposition, the capacity of soils to adsorb sulphate (e.g. soils with a dominance 
of short-range ordered constituents) plays a key role in buffering the acidification process (Camps Arbestain, 
Barreal and Macías, 1999; Rodríguez-Lado, Montanarella and Macías, 2007). Harmful effects on soil function 
and structure occur where deposition exceeds the ‘critical load’ - the specific amount of one or more pollutants 
that a particular soil can buffer (Nilsson and Grennfelt, 1988). Estimates and mapping of critical loads of acidity 
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are however strongly dependent on the neutralisation mechanisms considered in the analysis, for example, 
the inclusion or exclusion of sulphate adsorption (Rodríguez-Lado, Montanarella and Macías, 2007). Spatial 
differences in soil sensitivity − commonly defined by the ‘critical load’ − and in pollutant deposition result in 
an uneven global distribution of impacted soils (Figure 4.10). For instance, global emissions of sulphur and 
nitrogen have increased 3–10 fold since the pre-industrial period (van Aardenne et al., 2001), yet critical loads 
for acidification are only exceeded in 7–17 percent of the global natural terrestrial ecosystems area (Bouwman 
et al., 2002).

4.4.2 | Main atmospheric pollutants: Synopsis of current state of knowledge

Since the 1980s, emissions of pollutants, notably sulphur, across Europe and North America have declined. 
The decline is due to the establishment of protocols under the 1979 Convention on Long-range Transboundary Air 
Pollution (LRTAP) and the 1990 United States Clean Air Act Amendments (CAAA) (Greaver et al., 2012; Reis et 
al., 2012; EEA, 2014). Conversely, emissions in South and East Asia, sub-Saharan Africa and South America are 
likely to increase in response to industrial and agricultural development (Kuylenstierna et al., 2001; Dentener 
et al., 2006). Further emission increases are also occurring in remote areas due to mining activity, such as oil 
sands extraction in Canada (Kelly et al., 2010; Whitfield et al., 2010). 

Sulphur deposition

Sulphur emissions primarily result from combustion of coal and oil and are typically associated with power 
generation and heavy industry. In 2001, deposition exceedances of 20 kg S ha-1 yr-1 were detected in regions 
of China and Republic of Korea, Western Europe and eastern North America (Vet et al., 2014; Figure 4.10.(a)). 
Deposition in unaffected ecosystems is <1 kg S ha-1 yr-1 (Figure 4.10a). The deployment of sulphur emission 
protocols led to the reduction of approximately 80 percent in the deposition levels of sulphur across Europe 
between 1990 and 2010 (Reis et al., 2012). This reduction led to an increase in the use of sulphur fertilizer to 
combat crop sulphur deficiencies in agricultural soils in Europe (Bender and Weigel, 2011). Sulphur emissions 
in China also declined between 2005 and 2010 (Fang et al., 2013).

Soil acidification is a natural process that is altered and accelerated by anthropogenic sulphur and nitrogen 
deposition (Greaver et al., 2012). Sulphur oxide (SOx) gases react with water vapour in the atmosphere to form 
sulphuric acid (H2SO4). Once in the soil, excess inputs of acidity (H+) displace base cations (e.g. calcium (Ca2

+) 
and magnesium (Mg2

+)) from soil surfaces to the soil solution, and the base cations are subsequently lost from 
the soil profile by leaching (Reuss and Johnson, 1986). In mineral soils, these base cation losses can be balanced 
by rock weathering or atmospheric dust deposition. Thus, the global distribution of acid sensitive soils is 
mainly associated with conditions that favour development of soils with low cation exchange capacity and 
base saturation (Bouwman et al., 2002; Figure 4.10b). The exception is where soils are dominated by variable-
charge constituents, as in the case of Acrisols, Ferrasols, Nitosols and Andosols. On these soils, sulphate 
adsorption may become the most important acid-buffering mechanism (Rodríguez-Lado, Montanarella and 
Macías, 2007). Wetlands can also buffer inputs of acidity through biological sulphate reduction, although 
acidity can be mobilised again following drought and drainage (Tipping et al., 2003; Laudon et al., 2004; 
Daniels et al., 2008). Organic acids can also buffer acid deposition in naturally acidic organic soils (Krug and 
Frink, 1983; Monteith et al., 2007). 

Acidification decreases soil fertility due to loss of nutrients and increases the mobilisation of toxic metals, 
particularly Al and heavy metals. The negative effect of Al species on crop yield is particularly strong in soils 
with a dominance of 2:1 clay minerals with high CEC and low organic matter content. The atmospheric 
deposition of acid compounds had a huge impact on Scandinavian ecosystems over the 1960s-80s, including 
declines in freshwater fish populations and damage to forests (EEA, 2014). Sulphur inputs can also stimulate 
microbial processes that increase Hg bioavailability, leading to bioaccumulation of Hg in the food chain 
(Greaver et al., 2012). 
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The increase in soil pH following the reduction of sulphur emissions shows that the acidification process 
is reversible, although the recovery time is highly variable and dependent on soil properties. Some areas 
with organic soils where deposition has declined are showing either slow or no recovery (Greaver et al., 2012; 
Lawrence et al., 2012; RoTAP, 2012). On agricultural soils, lime can be applied to increase soil pH. However, 
50-80 percent of sulphur deposition on land is on natural land (Dentener et al., 2006). Application of lime to 
naturally acidic forest soils can cause further acidification of deep soil layers by increasing the decomposition in 
surface litter (Lundström et al., 2003). In acid waters, the addition of liming material may favour the formation 
of polymeric Al hydroxides (e.g. Al13OH27

+12), which are highly toxic to aquatic species (Monterroso, Alvarez and 
Macías, 1994).

Wider effects of acidification are starting to be understood through long-term monitoring. Decreased 
organic matter decomposition due to acidification has increased soil carbon storage in tropical forests (Lu 
et al., 2014). In wetland soils, methane (CH4) emissions have also been suppressed. This is because sulphate-
reducing bacteria have a higher affinity for substrate (H2 and acetate) than methanogenic microbes (Gauci 
et al., 2004). Conversely, declining sulphur deposition has been associated with increased dissolved organic 
carbon fluxes from organic soils (Monteith et al., 2007) and decreased soil carbon stocks in temperate forest 
soils (Oulehle et al., 2011; Lawrence et al., 2012). 

Nitrogen deposition

Nitrogen deposition covers a wider geographical area than sulphur deposition. This is because the sources 
are more varied, including extensive agriculture fertilizer and animal waste application, biomass burning, and 
fossil fuel combustion (Figure 4.10c). Regions with deposition in excess of 20   kg   N   ha-1yr-1 in 2001 include 
Western Europe, South Asia (Pakistan, India, Bangladesh) and eastern China (Vet et al., 2014). In addition, 
extensive areas with deposits of 4  kg  N  ha-1yr-1 or more were found across North, Central and South America 
and parts of Europe and Sub-Saharan Africa. By contrast, ‘natural’ deposition in un-impacted areas is as little 
as 0.5  kg  N  ha-1yr-1 (Dentener et al., 2006). While both nitrogen and sulphur emissions related to fossil fuel 
combustion have declined across Europe, agricultural sources of nitrogen in the region are likely to stay 
constant in the near future (EEA, 2014). At the same time, overall global emissions are likely to increase 
(Galloway et al., 2008). Nitrogen deposition in China in the 2000s was similar to peaks in Europe during the 
1980s before Europe embarked on mitigation measures (Liu et al., 2013b).

Deposition of nitrogen induces a ‘cascade’ of environmental effects, including acidification and 
eutrophication that can have both positive and negative effects on ecosystem services (Galloway et al., 
2003). Soils with low nitrogen content are most sensitive to eutrophication - typically Histosols, Cryosols and 
Podzols located in cold areas in northern countries such as northern Canada, Scandinavia and northern Russia 
(Bouwman et al., 2002; Rodríguez-Lado, Montanarella and Macías, 2007; Figure 4.10d). Excluding agricultural 
areas where nitrogen deposition is beneficial, 11 percent of the world’s natural land experiences nitrogen 
exceedances above 10  kg  N  ha-1yr-1 (Dentener et al., 2006). In Europe, eutrophication has and will continue to 
impact a larger area than acidification (Rodríguez-Lado and Macias, 2005; EEA, 2014). 

Nitrogen fertilisation can increase tree growth (Magnani et al., 2007) and cause changes in plant species 
and diversity (Bobbink et al., 2010). This can in turn alter the amount and quality of litter inputs to soils, notably 
the C:N ratio and soil-root interactions (RoTAP, 2012). However, increased global terrestrial carbon sink can be 
largely offset by increased emissions of the greenhouse gases N2O and CH4 (Liu and Greaver, 2009). Long-
term changes caused by nitrogen deposition are uncertain as transport times vary between environmental 
systems. The only way to remove excess nitrogen is to convert it to an unreactive gas (Galloway et al., 2008).
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Figure 4.10 | Global distribution of (a) atmospheric S deposition, (b) soil sensitivity to acidification, (c) atmospheric N deposition, and 
(d) soil carbon to nitrogen ratio (soils most sensitive to eutrophication have a high C:N ratio; eutrophication is caused by N). 
Source: Vet et al., 2014; Batjes, 2012; FAO, 2007.

Atmospheric deposition data in (a) and (c) were provided by the World Data Centre for Precipitation 
Chemistry (http://wdcpc.org, 2014) and are also available in Vet et al. (2014). Data show the ensemble-mean 
values from the 21 global chemical transport models used by the Task Force on Hemispheric Transport of Air 
Pollution (HTAP) (Dentener et al., 2006). Total wet and dry deposition values are presented for sulphur, oxidized 
and reduced nitrogen. Soil data in (b) and (d) were produced using the ISRIC-WISE derived soil properties (ver 
1.2) (Batjes, 2012) and the FAO Digital Soil Map of the World.  

Trace element deposition

Global trace element emissions and deposition are poorly understood in comparison to our understanding 
of emissions of sulphur and nitrogen. Emissions of trace elements are associated with combustion of fossil fuel 
(V, Ni, Hg, Se, Sn), traffic (Pb), insecticides (As), steel manufacture (Mn, Cr), and mining and smelting (As, Cu, 
Zn, Hg) (Mohammed, Kapri and Goel, 2011). In the United Kingdom, trace element deposition is responsible for 
25-85 percent of total trace element inputs to soils (Nicholson et al., 2003). In Europe, the area at risk from Cd, 
Hg and Pb deposition in 2000 was 0.34 percent, 77 percent and 42 percent respectively, although emissions are 
declining (Hettelingh et al., 2006). In China, 43-85 percent of total As, Cr, Hg, Ni and Pb inputs to agricultural 
soils originate from atmospheric deposition (Luo et al., 2009). In bioavailable form these elements have a toxic 
effect on soil organisms and plants, influencing the quality and quantity of plant inputs to soils and the rate of 
decomposition. Significantly, they can also bioaccumulate in the food chain. Activity of trace elements in soils 
will depend on the specific mobility of the element and this will be influenced by pH, Eh and the concentration 
of dissolved organic matter with complexing properties (Blaser et al., 2000). Some trace elements will persist 
for centuries as they are strongly bound to soil particles. However, they can become bioavailable, as observed 
in peatlands following drought-induced acidification, drainage and soil erosion (Tipping et al., 2003; Rothwell 
et al., 2005).

http://wdcpc.org
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4.4.3 | Knowledge gaps and research needs

Atmospheric pollution is a global phenomenon impacting large areas of the land surface. Regional and 
global scale assessment relies on the use of simple models to: (I) upscale site-specific soil data, in some 
instances using soil databases collected as long ago as the 1970s; and (II) estimate where soil sensitivity – the 
‘critical load’ − of a single pollutant is exceeded. There are few locations with long-term soil monitoring data, 
particularly in comparison to the data available on air, rain and surface water quality. Therefore, the actual 
global extent and magnitude of polluted soils are unclear. Essentially, we lack data at adequate scales to check 
the model outputs. A long-term global soil monitoring network is needed. 

While the direct impacts of sulphur, nitrogen and trace elements on inorganic soil chemical processes are 
generally well understood, many uncertainties still exist about pollutant impacts on biogeochemical cycling, 
particularly interactions between organic matter, plants and organisms in natural and semi-natural systems 
(Greaver et al., 2012). Process understanding is dominated by research in Europe and North America (e.g. 
Bobbink et al., 2010). Research is needed in other regions where soil properties and environmental conditions 
differ from the empirically studied areas in Europe and North America. Models need to be developed to 
examine the combined effects of air pollutants and their interactions with climate change and feedbacks on 
greenhouse gas balances and carbon storage (Spranger et al., 2008; RoTAP, 2012). Air quality, biodiversity and 
climate change polices all impact on soils. A more holistic approach to protecting the environment is needed, 
particularly as some climate change policies (e.g. biomass burning, carbon capture and storage) have potential 
to impact air quality and, therefore, soil functions (Reis et al., 2012; RoTAP, 2012; Aherne and Posch, 2013). 

References

Abreu, M.M. & Magalhães, M.C.F. 2009. Phytostabilization of Soils in Mining Areas. Case studies from 
Portugal. In L. Aachen, P. Eichmann, eds., Soil Remediation. pp 297-344. New York, Nova Science Publishers, Inc.

Abreu, M.M., Batista, M. J., Magalhães, M.C.F. & Matos, J,X. 2010. Acid Mine Drainage in the Portuguese 
Iberian Pyrite Belt. In B.C. Robinson, ed. Mine drainage and Related problems. pp 71-118. New York, Nova Science 
Publishers, Inc.  275 pp.

Aguilar, J., Dorronsoro, C., Fernández, E., Fernández, J., García, I., Martín, F. & Simón, M. 2004. Soil 
pollution by a pyrite mine spill in Spain: evolution in time. Environmental Pollution, 132: 395-401.

Aherne, J. & Posch, M. 2013. Impacts of nitrogen and sulphur deposition on forest ecosystem services in 
Canada. Current Opinion in Environmental Sustainability, 5: 108–115.

Alexander, A.B. 2012. Soil compaction on skid trails after selective logging in moist evergreen forest of 
Ghana. Agriculture and Biology Journal of North America, 3(6): 262-264 

Alexandratos, J. & Bruinsma, J. 2012. World agriculture towards 2030/2050: the 2012 revision. Rome, FAO.

Amorim, M.J.B., Rombke, J. & Soares, A.M.V.M. 2005. Avoidance behavior of  Enchytraeus albidus: Effects 
of Benomyl, Carbendazim, Phenmedipham and different soil types. Chemosphere 59: 501-510.

Aslibekian, O. & Moles, R. 2003. Environmental risk assessment of metals contaminated soils at Silvermines 
abandoned mine site, Ireland. Environmental Geochemistry and Health, 25: 247-266.

Azcue, J.M. 1999. Environmental impacts of Mining Activities. Emphasis on Mitigation and Remedial 
Measures. Berlin, Springer. 300 pp.

Bai, Z.G., Dent, D.L., Olsson, L. & Schaepman, M.E. 2008. Global assessment of land degradation 
and improvement. 1. Identification by remote sensing. Report 2008/01, ISRIC – World Soil Information, 
Wageningen.



   | 77Status of the  World’s Soil Resources  |  Main Report 77Soils and Humans

Bardgett, R.D. & van der Putten, W.H. 2014. Belowground biodiversity and ecosystem functioning. 
Nature, 515: 505-511.

Barman, R. Jain, A.K. & Liang, M. 2014b. Climate-driven uncertainties in terrestrial energy and water 
fluxes: a site-level to global scale analysis. Global Change Biology, 20(6): 1885–1900

Barman, R., Jain, A.K. & Liang, M. 2014a. Climate-driven uncertainties in terrestrial gross primary 
production: a site-level to global scale analysis. Global Change Biology, 20(5): 1394–1411

Batista, M.J., Abreu, M.M. & Serrano, M. 2007. Biogeochemistry in Neves-Corvo mining area, Iberian 
Pyrite belt, Portugal. Journal of Geochemical Exploration, 92: 159-176.

Batjes, N.H. 2012. ISRIC-WISE derived soil properties on a 5 by 5 arc-minutes global grid (ver. 1.2). Wageningen, 
ISRIC - World Soil Information. 52 pp.

Baxter, J. & Cummings, S.P. 2008. The degradation of the herbicide bromoxynil and its impact on bacterial 
diversity in a top soil. J. Appl. Microbiol, 104: 1605-1616.

Bender, J. & Weigel, H.J. 2011. Changes in atmospheric chemistry and crop health: A review. Agronomy for 
Sustainable Development, 31: 81–89.

Berenguer, E., Ferreira, J., Gardner, T.A, Aragão, L.E.O.C., Camargo, P.B., Cerri, C.E., Durigan, M., 
Oliveira Jr, R.C., Vieira, I.C.G. & Barlow, J. 2014. A large-scale field assessment of carbon stocks in human-
modified tropical forests. Global Change Biology, 20(12): 3713-3726

Blaser, P., Zimmermann, S., Luster, J. & Shotyk, W. 2000. Critical examination of trace element enrichments 
and depletions in soils: As, Cr, Cu, Ni, Pb, and Zn in Swiss forest soils. The Science of the Total Environment, 249: 
257-280.

Bobbink, R., Hicks, K., Galloway, J., Spranger, T., Alkemade, R., Ashmore, M., Bustamante, M., Cinderby, 
S., Davidson, E., Dentener, F., Emmett, B., Erisman, J.W., Fenn, M., Gilliam, F., Nordin, A., Pardo, L. & De 
Vries, W. 2010. Global assessment of nitrogen deposition effects on terrestrial plant diversity: a synthesis. 
Ecological Applications, 20: 30–59.

Boldt, T.S. & Jacobsen, C.S. 1998. Different toxic effects of the sulfonylurea herbicides metsulfuron methyl, 
chlorsulfuron and thifensulfuron methyl on fluorescent pseudomonads isolated from an agricultural soil. 
FEMS Microbiology Letter, 161: 29-35.

Bondeau, A., Smith, P.C., Zaehle, S., Schaphoff, S., Lucht, W., Cramer, W., Gerten, D., Lotze-Campen, 
H., Müller, C., Reichstein, M. & Smith, B. 2007. Modelling the role of agriculture for the 20th century global 
terrestrial carbon balance. Global Change Biology, 13(3): 679–706.

Bouwman, A.F., Vuuren, D.P., van Derwent, R.G. & Posch, M. 2002. A Global Analysis of Acidification and 
Eutrophication of Terrestrial Ecosystems. Water, Air, and Soil Pollution, 141: 349–382.

Bouwman, L., van der Hoek, K., van Drecht, G. & Eickhout, B. 2006. World Livestock and Crop Production 
Systems, Land Use and Environment between 1970 and 2030. In F. Brouwer & B. A. McCarl, eds. Agriculture and 
Climate Beyond 2015. pp. 75–89. Netherlands, Springer. 310 pp.

Bryan, J.E., Shearman, P.L., Asner, G.P., Knapp, D.E., Aoro, G. & Lokes, B. 2013. Extreme Differences in 
Forest Degradation in Borneo: Comparing Practices in Sarawak, Sabah, and Brunei. PLoS ONE, 8(7): e 69679. 

Bünemann, E.K., Schwenke, G.D. & Van Zwieten, L. 2006. Impact of agricultural inputs on soil organisms: 
a review. Soil Res., 44: 379-406.

Calvo de Anta, R. & Macias, F. 2009. Remediation of Soils contaminated with pyritic sludge from a 
mine spill in Aznalcóllar, Spain. In A. Faz, A.R. Mermut, J. M. Arocena & R. Ortiz, eds. Land Degradation and 
Rehabilitation. Dryland Ecosystems. pp. 295-310. Advances in Geoecology 40. Catena Verlag. 440 pp.

Camps Arbestain, M., Barreal, M.E. & Macías, F. 1999. Relating sulphate sorption in forest soils to 
lithological classes, as defined to calculate critical loads of acidity. The Science of the Total Environment, 241: 181–
195.



   | 78Status of the  World’s Soil Resources  |  Main Report 78Soils and Humans

Carpenter, S.R., Caraco, N.F., Correll, D.L., Howarth, R.W., Sharpley, A.N. & Smith, V.H. 1998. Nonpoint 
pollution of surface waters with phosphorus and nitrogen. Ecological Applications, 8(3): 559–568. 

Cayuela, M.L., Sánchez-Monedero, M.A., Roig, A., Hanley, K., Enders, A. & Lehmann, J. 2013. Biochar 
and denitrification in soils: when, how much and why does biochar reduce N2O emissions? Sci. Rep., 3: 1732.

Cayuela, M.L., van Zwieten, L., Singh, B.P., Jeffery, S., Roig, A. & Sánchez-Monedero, M.A. 2014. 
Biochar’s role in mitigating soil nitrous oxide emissions: a review and meta-analysis. Agriculture, Ecosystems 
and Environment, 191: 5-16.

Certini, G. 2005. Effects of fire on properties of forest soils: a review. Oecologia, 143: 1–10.

Comtea, I., Davidson, R., Lucotte, M., Carvalho, C.J.R., Oliveira, F.A., Silva, B.P. & Rousseaug, G. 2012. 
Physicochemical properties of soils in the Brazilian Amazon following fire-free land preparation and slash-
and-burn practices. Agriculture, Ecosystems and Environment, 156: 108–115.

Conant, R.T. 2012. Grassland soil organic carbon stocks: status, opportunities, vulnerability. In R. Lal, K. 
Lorenz, R.F. Hüttl, B.U. Schneider & J. von Braun, eds. Recarbonization of the Biosphere. pp. 275-302. Dordrecht, 
Springer. 465 pp.

Crowther, T.W., Maynard, D.S., Leff, J.W., Oldfield, E.E., McCulley, R.L., Fierer, N. & Bradford, M.A. 2014. 
Predicting the responsiveness of soil biodiversity to deforestation: a cross-biome study. Global Change Biology, 
20: 2983–2994. 

D’Odorico, P., Bhattachan, A., Davis, K.F., Ravi, S. & Runyan, C.W. 2013. Global desertification: drivers 
and feedbacks. Advances in Water Resources, 51: 326-344.

Daniels, S.M., Evans, M.G., Agnew, C.T. & Allott, T.E.H. 2008. Sulphur leaching from headwater 
catchments in an eroded peatland, South Pennines, U.K. The Science of the total environment, 407: 481–496.

De Deyn, G.B. & van der Putten, W.H. 2005. Linking aboveground and belowground diversity. Trends in 
Ecology & Evolution, 20: 625-633.

De Klein, C., Novoa, R., Ogle, S., Smith, K., Rochette, P., Wirth, T., McConkey, B.G., Walsh, M., Mosier, 
A., Rypdal, K. & Williams, S. 2006. N2O emissions from managed soils, and CO2 emissions from lime and 
urea application. In H.S. Eggleston, L. Buendia, K. Miwa, T. Ngara & K. Tanabe, eds. IPCC Guidelines for National 
Greenhouse Gas Inventories. Vol. 4: Agriculture, Forestry and Other Land Use. Chapter 11. pp. 1-54. Japan, IGES. 

De Silva, P.M., Pathiratne, A., van Straalen, N.M. & van Gestel, C.A. 2010. Chlorpyrifos causes decreased 
organic matter decomposition by suppressing earthworm and termite communities in tropical soil. Environ. 
Pollut, 158: 3041-3047.

De, A., Bose, R., Kumar, A. & Mozumdar, S. 2014. Targeted delivery of Pesticides Using Biodegradable Polymeric 
Nanoparticles. SpringerBriefs in Molecular Science, pp. 5-6.

Delgado, C., Rosegrant, M., Steinfeld, H., Ehui, S. & Courbois, V. 1999. Livestock to 2020. The next food 
revolution. Food, Agriculture and the Environment Discussion paper 28, International Food Policy Research 
Institute, Food and Agriculture Organization of the United Nations, International Livestock Research 
Institute. Washington, DC., IFPRI. 83 pp.

Delgado-Baquerizo, M., Maestre, F.T., Gallardo, A., Bowker, M.A., Wallenstein, M.D., Quero, J.L., 
Ochoa, V., Gozalo, B., García-Gómez, M., Soliveres, S., García-Palacios, P., Berdugo, M., Valencia, E., 
Escolar, C., Arredondo, T., Barraza-Zepeda, C., Bran, D., Carreira, J.A., Chaieb, M., Conceição, A.A., Derak, 
M., Eldridge, D.J., Escudero, A., Espinosa, C.I., Gaitán, J., Gatica, M.G., Gómez-González, S., Guzman, E., 
Gutiérrez, J.R., Florentino, A., Hepper, E., Hernández, R.M., Huber-Sannwald, E., Jankju, M., Liu, J., Mau, 
R.L., Miriti, M., Monerris, J., Naseri, K., Noumi, Z., Polo, V., Prina, A., Pucheta, E., Ramírez, E., Ramírez-
Collantes, D.A., Romão, R., Tighe, M., Torres, D., Torres-Díaz, C., Ungar, E.D., Val, J., Wamiti, W., Wang, 
D. & Zaady, E. 2013. Decoupling of soil nutrient cycles as a function of aridity in global drylands. Nature, 502: 
672-676.



   | 79Status of the  World’s Soil Resources  |  Main Report 79Soils and Humans

Dentener, F., Drevet, J., Lamarque, J.F., Bey, I., Eickhout, B., Fiore, A.M., Hauglustaine, D., Horowitz, 
L.W., Krol, M., Kulshrestha, U.C., Lawrence, M., Galy-Lacaux, C., Rast, S., Shindell, D., Stevenson, D., Van 
Noije, T., Atherton, C., Bell, N., Bergman, D., Butler, T., Cofala, J., Collins, B., Doherty, R., Ellingsen, K., 
Galloway, J., Gauss, M., Montanaro, V., Müller, J.F., Pitari, G., Rodriguez, J., Sanderson, M., Solmon, F., 
Strahan, S., Schultz, M., Sudo, K., Szopa, S. & Wild, O. 2006. Nitrogen and sulfur deposition on regional and 
global scales: A multimodel evaluation. Global Biogeochemical Cycles, 20.

Dittmar, T., Rezende, C.E., Manecki, M., Niggemann, J., Ovalle, A.R.C., Stubbins, A. & Bernardes, M.C. 
2012. Continuous flux of dissolved black carbon from a vanished tropical forest biome. Nature Geoscience, 5: 
618-622.

Don, A., Schumacher, J. & Freibauer, A. 2011. Impact of tropical land-use change on soil organic carbon 
stocks – a meta-analysis. Global Change Biology, 17: 1658–1670.

Down, C.G. & Stocks, J. 1977. Environmental Impacts of Mining. London, Applied Science. 371 pp.

Drude de Lacerda, L. 2003. Updating global Hg emissions from small-scale gold mining and assessing its 
environmental impacts. Environmental Geology, 43: 308-314.

EEA. 2014. Effects of air pollution on European ecosystems. Copenhagen, European Environment Agency. 42 pp.

Eijsackers, H., Beneke, P., Maboeta, M., Louw, J.P.E. & Reinecke, A.J. 2005. The implications of copper 
fungicide usage in vineyards for earthworm activity and resulting sustainable soil quality. Ecotoxicology and 
Environmental Safety, 62: 99-111.

El-Masri, B., Barman, R., Meiyappan, P., Song, Y., Liang, M. & Jain. A. 2013. Carbon dynamics in the 
Amazonian basin: integration of eddy covariance and ecophysiological data with a land surface model. Agr. 
Forest Meteorol., 182-183: 156–167. 

Endlweber, K., Schadler, M. & Scheu, S. 2005. Effects of foliar and soil insecticide applications on the 
collembolan community of an early set-aside arable field. Applied Soil Ecology, 31: 136–146. 

Espinoza-Navarro, O. & Bustos-Obregón, E. 2005. Effect of malathion on the male reproductive organs of 
earthworms Eisenia foetida. Asian Journal of Andrology, 7: 97–101.

European Union. 2012. Guidelines on best practice to limit, mitigate or compensate soil sealing. Publication 
Office of the European Union, Luxemburg. 65 pp.

Evangelou, V.P. 1995. Pyrite oxidation and its control. CRC Press. 293 pp.

Fader, M.M, Rost, S., Müller, C., Bondeau, A. & Gerten, D. 2010 Virtual water content of temperate 
cereals and maize: Present and potential future patterns. Journal of Hydrology, 384(3-4): 218–231.

Fang, Y., Wang, X., Zhu, F., Wu, Z., Li, J., Zhong, L., Chen, D. & Yoh, M. 2013. Three-decade changes in 
chemical composition of precipitation in Guangzhou city, southern China: has precipitation recovered from 
acidification following sulphur dioxide emission control? Tellus B, 65..

FAO. 2007. Digital Soil Map of the World (DSMW). Rome, FAO. (Also available at http://www.fao.org/
geonetwork/srv/en/metadata.show?id=14116 ).

FAO, 2014b. World Reference Base for Soil Resources. World Soil Resources Reports # 106. FAO, Rome..

FAO. 2010. Global Forest Resources Assessment 2010. FAO Forestry Paper #163. Rome, FAO..

FAO. 2011. The state of the world’s land and water resources for food and agriculture (SOLAW) – Managing systems 
at risk. Rome, FAO & London, Earthscan..

FAO. 2013. FAO statistical yearbook 2013. World Food and Agriculture. Rome, FAO..

FAO. 2014a. The State of the World’s Forests 2014. Enhancing the socioeconomic benefits from forests. Rome, 
FAO..

FAO/UNEP. 1999. Terminology for Integrated Resources Planning and Management. United Nations Environmental 
Programme. Rome, FAO & Kenya, Nairobi.

http://www.fao.org/geonetwork/srv/en/metadata.show?id=14116
http://www.fao.org/geonetwork/srv/en/metadata.show?id=14116


   | 80Status of the  World’s Soil Resources  |  Main Report 80Soils and Humans

Fernández Caliani, J.C. 2008. Una aproximación al conocimiento del impacto ambiental de la minería en 
la faja pirítica ibérica. MACLA, 10: 24-28..

Foley, J. A., Ramankutty, N., Brauman, K. A., Cassidy, E. S., Gerber, J. S., Johnston, M. & O’Connell, C. 
2011. Solutions for a cultivated planet. Nature, 478(7369): 337–342..

Früh, B., Becker, P., Deutschlnder, T., Hessel, J.D., Kossmann, M., Mieskes, I., Namyslo, J., Roos, M., 
Sievers, U., Steigerwald, T., Turau, H. & Wienert, U. 2011. Estimation of climate change impacts on the urban 
heat load using an urban climate model and regional climate projections. J. Appl. Meteorol. Climatol., 50: 167-
184..

Galloway, J.N., Aber, J.D., Erisman, J.W., Seitzinger, S.P., Howarth, R.W., Cowling, E.B. & Cosby, B.J. 
2003. The Nitrogen Cascade. BioScience, 53: 341..

Galloway, J.N., Townsend, A.R., Erisman, J.W., Betunda, M., Cai, Z., Freney, J.R., Martinelli, L.A., 
Seitzinger, S.P. & Sutton, M.A. 2008. Transformation of the Nitrogen Cycle: Recent Trends, Questions, and 
Potential Solutions. Science, 320(5878): 889-892..

Gauci, V., Matthews, E., Dise, N., Walter, B., Koch, D., Granberg, G. & Vile, M. 2004. Sulfur pollution 
suppression of the wetland methane source in the 20th and 21st centuries. Proceedings of the National Academy of 
Sciences of the United States of America, 101: 12583–12587..

Ghassemi, F., Jakeman A.J. & Nix, H.A. 1995. Salinisation of land and water resources: Human causes, extent, 
management and case studies. Australia, Canberra, Centre for Resource and Environmental Studies. 562 pp..

Gil, A., Macias, F., Monterroso, M.C. & Val, C. 1990. Influence of waste selection in the dump reclamation 
at Puentes mine. In  A.K.M. Rainbow, ed. Reclamation, treatment and utilization of Coal Mining Wastes. pp. 203-
208. Rotterdam, Balkema. 527 pp..

Gleick, P.H. 2003. WATER  USE. Annual Review of Environment and Resources, 28: 275-314...

Goldberg, S. 2002. Competitive adsorption of arsenate and arsenite on oxides and clay minerals. Soil Science 
Society of America Journal, 66: 413-421..

Grattan, J.P., Huxley, S.I. & Pyatt, F.B. 2003. Modern Bedouin exposures to copper contamination: an 
imperial legacy? Ecotoxicology and Environmental Safety, 55: 108-115.

Greaver, T.L., Sullivan, T.J., Herrick, J.D., Barber, M.C., Baron, J.S., Cosby, B.J., Deerhake, M.E., Dennis, 
R.L., Dubois, J.-J.B., Goodale, C.L., Herlihy, A.T., Lawrence, G.B., Liu, L., Lynch, J. & Novak, K.J. 2012. 
Ecological effects of nitrogen and sulfur air pollution in the US: what do we know? Frontiers in Ecology and the 
Environment, 10: 365–372..

Grimalt, J.O., Ferrer, M. & McPherson, E. 1999. The mine tailing accident in Aznalcollar. The Science of the 
Total Environment, 242: 3-11..

Guo, L. B. & Gifford, R. M. 2002. Soil carbon stocks and land use change: a meta analysis. Global Change 
Biology, 8(4): 345–360..

Haering, K.C., Daniels, W.L. & Galbraith, J.M. 2004. Appalachian mine soil morphology and properties: 
effects of weathering and mining method. Soil Science Society of America Journal, 68: 1315-1325...

Hansen, M.C., Potapov, P.V., Moore, R., Hancher, M., Turubanova, S.A., Tyukavina, A., Thau, D., 
Stehman, S.V., Goetz, S.J., Loveland, T.R., Kommareddy, A., Egorov, A., Chini, L., Justice, C.O. & Townshend, 
J.R.G. 2013. High-Resolution Global Maps of 21st-Century Forest Cover Change. Science, 342(6160): 850–853...

Herrero, M., Havlík, P., Hugo Valin, H., Notenbaert, A., Rufino, M.C., Thornton, P.K., Blümmel, M., 
Weiss, F., Grace, D. & Obersteiner, M. 2013. Biomass use, production, feed efficiencies, and greenhouse gas 
emissions from global livestock systems. Proceedings of the National Academy of Sciences, 110: 20888–20893..

Hester, R.E. & Harrison, R.M. 2001. Assessment and Contamination of Contaminated Land. Royal Society of 
Chemistry. 164 pp.



   | 81Status of the  World’s Soil Resources  |  Main Report 81Soils and Humans

Hettelingh, J.P., Sliggers, J., van het Bolcher, M., Denier van der Gon, H., Groenenberg, B.J., Ilyin, 
I., Reinds, G.J., Slootweg, J., Tranvnikov, O., Visschedijk, A. & de Vries, W. 2006. Heavy Metal Emissions, 
Depositions, Critical Loads and Exceedances in Europe. Den Haag, Netherlands..

Heupel, K. 2002. Avoidance response of different collembolan species to Betanal. Eur. J. Soil Biol., 38: 343-
346..

Hooijer A., Page, S., Canadell, J.G., Silvius, M., Kwadijk, J., Wosten, H. & Jauhiainen, J. 2010. Current and 
future CO2 emissions from drained peatlands in Southeast Asia. Biogeosciences, 7: 1505–1514.

Hooke, R.L., Martín-Duque, J.F. & Pedraza, J. 2012. Land transformation by humans: a review. GSA Today, 
22(12): 4-10..

Hutchinson, T.C. 1979. Copper contamination of ecosystems caused by smeller activities. In J.O. Nriagu, ed. 
Copper in the Environment. New York, John Wiley and Sons. 451 pp.

Jain, A.K., Meiyappan, P., Song, Y., House, J. 2013. CO2 emissions from land-use change affected more by 
nitrogen cycle, than by the choice of land-cover data. Global Change Biology, 19: 2893–2906..

Jones, C.D., McConnell, C., Coleman, K., Cox, P., Falloon, P., Jenkinson, D. & Powlson, D. 2005. Global 
climate change and soil carbon stocks; predictions from two contrasting models for the turnover of organic 
carbon in soil. Global Change Biology, 11: 154-166..

Joosten, H. 2010. The Global Peatland CO2 Picture. Peatland status and drainage related emissions in all 
countries of the world. Ede, Wetlands International..

Ju, X., Xing, G., Chen, X., Zhang, S., Zhang, L., Liu, X., Zhen, C., Yin, B., Christie, P., Zhu, Z. & Zhang, F. 
2009. Reducing environmental risk by improving N management in intensive Chinese agricultural systems. 
Proceedings of the National Academy of Sciences, 106(9): 3041–3046.

Kaufman, Y.J., Tanre, D. & Boucher, O. 2002. A satellite view of aerosols in the climate system. Nature, 419: 
215-223..

Keating, B.A., Herrero, M., Carberry, P.S., Gardner, J. & Cole, M.B. 2014. Food wedges: Framing the global 
food demand and supply challenge towards 2050. Global Food Security, 3: 125-132..

Kelly, E.N., Schindler, D.W., Hodson, P. V, Short, J.W., Radmanovich, R. & Nielsen, C.C. 2010. Oil sands 
development contributes elements toxic at low concentrations to the Athabasca River and its tributaries. 
Proceedings of the National Academy of Sciences, 106(52): 22346-22351..

Kelly,   E.N., Schindler, D.W.,   Hodson, P.V.,   Short, J.W.,   Radmanovich, R.   &   Nielsen, C.C. 2010. Oil sands 
development contributes elements toxic at low concentrations to the Athabasca River and its tributaries. 
Proc. Natl. Acad. Sci. U.S.A., 107(37): 16178–16183..

Klein Goldewijk, K. & van Drecht, G., 2006. HYDE 3. Current and historical population and land cover. In 
A.F. Bouwman, T. Kram,  K. Klein Goldewijk, eds. Integrated Modelling of Global Environmental Change. An overview 
of IMAGE 2.4. pp. 93-112. The Netherlands, Bilthoven, Netherlands Environmental Assessment Agency (MNP)..

Klein Goldewijk, K., Beusen, A., Van Drecht, G. & De Vos, M. 2011. The HYDE 3.1 spatially explicit database 
of human-induced global land-use change over the past 12,000 years. Glob. Ecol. Biogeogr,20(1): 73–86..

Krug, E.C. & Frink, C.R. 1983. Acid Rain on Acid Soil: A New Perspective. Science, 221: 520–525..

Kuylenstierna, J.C., Rodhe, H., Cinderby, S. & Hicks, K. 2001. Acidification in developing countries: 
ecosystem sensitivity and the critical load approach on a global scale. Ambio, 30: 20–8.

Latham, J. Cumani, R., Rosati, I. & Bloise, M. 2014. Global Land Cover SHARE (GLC-SHARE) database Beta-
Release Version 1.0. Rome, FAO.

Laudon, H., Dillon, P.J., Eimers, M.C., Semkin, R.G. & Jeffries, D.S. 2004. Climate-induced episodic 
acidification of streams in central ontario. Environmental science & technology, 38: 6009–60015..

http://www.ncbi.nlm.nih.gov/pubmed/?term=Kelly EN%5Bauth%5D
http://www.ncbi.nlm.nih.gov/pubmed/?term=Schindler DW%5Bauth%5D
http://www.ncbi.nlm.nih.gov/pubmed/?term=Hodson PV%5Bauth%5D
http://www.ncbi.nlm.nih.gov/pubmed/?term=Short JW%5Bauth%5D
http://www.ncbi.nlm.nih.gov/pubmed/?term=Radmanovich R%5Bauth%5D
http://www.ncbi.nlm.nih.gov/pubmed/?term=Nielsen CC%5Bauth%5D


   | 82Status of the  World’s Soil Resources  |  Main Report 82Soils and Humans

Lawrence, G.B., Shortle, W.C., David, M.B., Smith, K.T., Warby, R.A.F. & Lapenis, A.G. 2012. Early 
Indications of Soil Recovery from Acidic Deposition in U.S. Red Spruce Forests. Soil Science Society of America 
Journal, 76: 1407.

Lehmann, J. & Joseph, S. 2015. Biochar for Environmental Management. Science and Technology, 2nd edition. 
New York, Routledge.

Lehmann, J., Skjemstad, J.O., Sohi, S., Carter, J., Barson, M., Falloon, P., Coleman, K., Woodbury, P. 
& Krull, E. 2008 Australian climate-carbon cycle feedback reduced by soil black carbon. Nature Geoscience, 1: 
832–835..

Liu, L. & Greaver, T.L. 2009. A review of nitrogen enrichment effects on three biogenic GHGs: the CO2 sink 
may be largely offset by stimulated N2O and CH4 emission. Ecology letters, 12: 1103–1117..

Liu, L., Xu, X., Zhuang, D., Chen, X. & Li, S. 2013a. Changes in the Potential Multiple Cropping System in 
Response to Climate Change in China from 1960–2010. PLoS ONE, 8(12): e 80990.

Liu, X., Zhang, Y., Han, W., Tang, A., Shen, J., Cui, Z., Vitousek, P., Erisman, J.W., Goulding, K., Christie, 
P., Fangmeier, A. & Zhang, F. 2013b. Enhanced nitrogen deposition over China. Nature, 494: 459–462

Liu, Z.H., Jiang, l.H., Zhang, W.J., Zheng, F.L., Wang, M. & Lin, H.T. 2008. Evolution of fertilization rate 
and variation of soil nutrient contents in greenhouse vegetable cultivation in Shandong. Pedologica Sinica, 
45(2): 296-303. [in Chinese with English abstract]

López, M., Gónzalez, I. & Romero, A. 2008. Trace elements contamination of agricultural soils affected by 
sulphide exploitation (Iberian Pyrite Belt, SW Spain). Environmental Geology, 54: 805-818.

López-Merino, L., Pena-Chocarro, L., Ruíz-Alonso, M., López-Saez, J.A. & Sánchez-Palencia, F.J. 2010. 
Beyond nature: the management of a productive cultural landscape in Las Medulas area (El Bierzo, Leon, 
Spain) during pre-Roman and Roman times. Plant Biosystems, 144: 909-923.

López-Pamo, E., Barettino, D., Anton-Pacheco, C., Ortiz, G., Arranz, J.C., Gumiel, J.C., Martínez-Pledel, 
B., Aparicio, M. & Montouto, O. 1999. The extent of the Aznalcollar pyritic sludge spill and its effects on soils. 
The Science of the Total Environment, 242: 57-88.

Lu, X., Mao, Q., Gilliam, F.S., Luo, Y. & Mo, J. 2014. Nitrogen deposition contributes to soil acidification in 
tropical ecosystems. Global change biology, 20(12): 3790–3801

Lundström, U.S., Bain, D.C., Taylor, A.F.S. & van Hees, P.A.W. 2003. Effects of Acidification and its 
Mitigation with Lime and Wood Ash on Forest Soil Processes: A Review. Water, Air and Soil Pollution: Focus, 3: 
5–28

Luo, L., Ma, Y., Zhang, S., Wei, D. & Zhu, Y.-G. 2009. An inventory of trace element input to agricultural 
soils in China. Journal of Environmental Management, 90: 2524-2530

MA. 2005. Current State and Trends. Millennium Ecosystem Assessment. Washington, D.C., Island Press. 839 pp.

Macías, F. & Camps Arbestain, M. 2010. Soil carbon sequestration in a changing global environment. 
Mitig. Adapt. Strateg. Glob. Change, 15(6): 511-529. 

Macías, F. 1996. Los suelos de mina: Su recuperación. In J. Aguilar, A. Martinez Raya & A. Roca Roca, eds.  
Evaluación y Manejo de Suelos. pp. 227-243. Granada, CL, Junta de Andalucía. 

Macías-García, F., Camps Arbestain, M. & Macías, F. 2009. Utilización de Tecnosoles derivados de residuos 
en procesos de restauración de suelos de la mina Touro. In Minería Sostenible. pp. 651-661. A Coruña, Cámara 
Oficial Mineira de Galicia.

Macías-García, F., Fontán, L., Otero, X.L., Pérez Llaguno, C., Camps Arbestain, M. & Macías, F. 2009. 
Recuperación de aguas ácidas de la mina Touro mediante sistemas integrados de barreras reactivas con 
diferentes Tecnosoles y humedales. In Minería Sostenible. pp. 963-973. A Coruña, Cámara Oficial Mineira de 
Galicia



   | 83Status of the  World’s Soil Resources  |  Main Report 83Soils and Humans

Magnani, F., Mencuccini, M., Borghetti, M., Berbigier, P., Berninger, F., Delzon, S., Grelle, A., Hari, 
P., Jarvis, P.G., Kolari, P., Kowalski, A.S., Lankreijer, H., Law, B.E., Lindroth, A., Loustau, D., Manca, G., 
Moncrieff, J.B., Rayment, M., Tedeschi, V., Valentini, R. & Grace, J. 2007. The human footprint in the carbon 
cycle of temperate and boreal forests. Nature, 447: 848–850

Marfenina, O.E., Ivanova, A.E., Kislova, E.E. & Sacharov, D.S. 2008. The mycological properties of 
medieval culture layers as a form of soil “biological memory” about urbanization. Journal of Soils and Sediments, 
8(5): 340-348.

Martínez-Cortizas, A., García-Rodeja, E., Pontevedra-Pombal, X., Nóvoa-Muñoz, J.C., Weiss, D. 
& Cheburkin, A. 2002. Atmospheric Pb deposition in Spain during the last 4600 years recorded by two 
ombrotrophic peat bogs and implications for the use of peat as archive. Sci. Total Environ., 292: 33-44.

Matson, P.A., Parton, W.J., Power, A.G. & Swift, M.J. 1997. Agricultural Intensification and Ecosystem 
Properties. Science, 277(5325): 504–509.

McSherry, M.E. & Ritchie, M.E. 2013. Effects of grazing on grassland soil carbon: a global review. Global 
Change Biology, 19: 1347–1357

Meersmans, J., van Wesemael, B., De Ridder, F., Fallas Dotti, M., De Baets, S. & van Molle, M. 2009. 
Changes in organic carbon distribution with depth in agricultural soils in northern Belgium, 1960-1990. Glob. 
Change Biol., 15: 2739–2750

Meuser, H. 2010. Contaminated Urban Soils. Springer Science & Buseness media. 340 pp. 

Mighall, T.M., Abrahams, P.W., Grattan, J.P., Hayes, D., Timberlake, S. & Forsyth, S. 2002. Geochemical 
evidence for atmospheric pollution derived from prehistoric copper mining at Copa Hill, Cwmystwyth, mid-
Wales, UK. Sci. Total Environ., 292: 69-80.

Mohammed, A.S., Kapri, A. & Goel, R. 2011. Heavy metal pollution: source, impact and remedies. In 
S.K. Mohammad, R. Goel & J. Musarrat, eds. Biomanagement of metal-contaminated soils. pp. 1-28. New York, 
Springer. 556 pp

Monteith, D.T., Stoddard, J.L., Evans, C.D., de Wit, H.A., Forsius, M., Høgåsen, T., Wilander, A., 
Skjelkvåle, B.L., Jeffries, D.S., Vuorenmaa, J., Keller, B., Kopácek, J. & Vesely, J. 2007. Dissolved organic 
carbon trends resulting from changes in atmospheric deposition chemistry. Nature, 450: 537–540.

Monterroso, C., Alvarez, E. & Macías, F. 1994. Speciation and Solubility Control of Al and Fe in Minesoil 
Solutions. The Science of the Total Environment, 158: 31-43.  

Monterroso, C., Alvarez, E., Fernández-Marcos, M.L. & Macías, F. 1999. Geochemistry of aluminium and 
iron in mine soils from As Pontes, Galicia (NW Spain). Water, Air & Soil Pollution, 110: 81-102. 

Monterroso, C., Macías, F., Gil Bueno, A. & Val Caballero, C. 1998. Evaluation of the land reclamation 
project at the As Pontes Mine (NW Spain) in relation to the suitability of the soil for plant growth. Land 
Degradation & Development, 9: 441-451.

Moore, J.N. & Luoma, S.N. 1990. Hazardous wastes from large-scale metal extraction. Environ. Sci. Technol., 
24: 1278-1285

Munshower, F.F. 1977. Cadmium accumulation in plants and animals on polluted and non-polluted 
grasslands. J. Environ. Qual., 6: 411-413

Murty, D., Kirschbaum, M.U.F., McMurtrie, R.E. & McGilvray, H. 2002. Does conversion of forest to 
agricultural land change soil carbon and nitrogen? a review of the literatur. Global Change Biology, 8: 105–123.

Nachtergaele, F., Bruinsma, J., Valbo-Jorgensen, J. & Bartley, D. 2011. Anticipated trend in the use of global 
land and water resources. SOLAW Background Thematic Report TR 01. Rome, FAO

Navarro-Campos, C., Pekas, A., Moraza, M.L., Aguilar, A. & Garcia-Mari, F. 2012. Soil-dwelling predatory 
mites in citrus: Their potential as natural enemies of thrips with special reference to Pezothrips kellyanus 
(Thysanoptera: Thripidae). Biological Control, 63: 201-209



   | 84Status of the  World’s Soil Resources  |  Main Report 84Soils and Humans

Nave, L.E., Vance, E.D., Swanston, C.W. & Curtis, P.S. 2011. Fire effects on temperate forest soil C and N 
storage. Ecological Applications, 21(4): 1189–1201.

Neel, C., Bril, H., Courtin-Nomade, A. & Dutreuil, J-P. 2003. Factors affecting natural development of soil 
on 35-year-old sulphide-rich mine tailings. Geoderma, 111: 1-20

Nicholson, F.A., Smith, S.R., Alloway, B.J., Carlton-Smith, C. & Chambers, B.J. 2003. An inventory of 
heavy metals inputs to agricultural soils in England and Wales. The Science of the total environment, 311: 205–19

Nilsson, J. & Grennfelt, P. 1988. Critical Loads for Sulphur and Nitrogen. Copenhagen, Nordic Council of 
Ministers.

Nordstrom, D.K. & Alpers, C.N. 1999. Geochemistry of acid mine waters. In G. Plumlee & M. Logsdon eds. 
Environmental geochemistry of mineral deposits. Vol. 6A. pp. 133-156. Rev. Econ. Geol. 580 pp.

Nordstrom, D.K. & Southam, G. 1997. Geomicrobiology of sulphide mineral oxidation. In J.F. Banfield & K.H. 
Nealson, eds. Geomicrobiology: interactions between microbes and minerals. Vol. 35. Reviews in Mineralogy. pp. 
361-390. Washington, DC, Mineralogical Society of America. 448 pp.

Olander, L.O., Bustamante, M.C.C., Asner, G.P., Telles, E. & do Prado, Z.A. 2005. Surface soil changes 
following selective logging in an Eastern Amazon forest. Earth Interactions, 9(4): 1-19.

Otero, X.L., Ferreira, T.O., Vidal, P., Macias, F. & Chesworth, W. 2008. Thionic or sulfidic soils. In W. 
Chesworth, ed. Encyclopedia of Soil Science. pp. 777-781. Springer. 902 pp

Oulehle, F., Evans, C.D., Hofmeister, J., Krejci, R., Tahovska, K., Persson, T., Cudlin, P. & Hruska, J. 2011. 
Major changes in forest carbon and nitrogen cycling caused by declining sulphur deposition. Global Change 
Biology, 17: 3115–3129

Panda, S. & Sahu, S.K. 2004. Recovery of acetylcholine esterase activity of Drawida willsi (Oligochaeta) 
following application of three pesticides to soil. Chemosphere, 5: 283–290.

Pandey, S. & Singh, D.K. 2004. Total bacterial and fungal population after chlorpyrifos and quinalphos 
treatments in groundnut (Arachis hypogaea L.) soil. Chemosphere, 55(2): 197–205

Paustian, K., Babcock, B.A.,  Hatfield, J., Kling, C.L., Lal, R., McCarl, B.A., McLaughlin, S., Mosier, A.R., 
Post, W.M., Rice, C.W., Robertson, G.P., Rosenberg,  N.J., Rosenzweig, C., Schlesinger, W.H. & Zilberman, 
D. 2004.  Climate Change and Greenhouse Gas Mitigation: Challenges and Opportunities for Agriculture. Task Force 
Report No. 141. Council for Agricultural Science and Technology

Perez, C.A., Carmona, M.R., Fariña, J.M. & Armesto, J.J. 2009. Selective logging of lowland evergreen 
rainforests in Chiloe´ Island, Chile: Effects of changing tree species composition on soil nitrogen 
transformations. Forest Ecology and Management, 258: 1660–1668

Pittman, K., Hansen, M.C., Becker-Reshef I., Potapov, P.V. & Justice, C.O. 2010. Estimating global 
cropland extent with Multi-year MODIS data. Remot. Sens., 2(7): 1844–1863.

Poeplau, C., Don, A., Vesterdal, L., Leifeld, J., Wesemael, B., Schumacher, J. & Gensior, A. 2011. Temporal 
dynamics of soil organic carbon after land-use change in the temperate zone – carbon response functions as a 
model approach. Global Change Biology, 17: 2415–2427

Portmann, F., Siebert, S. & Döll, P. 2010. MIRCA 2000 - Global Monthly Irrigated and Rainfed Crop Areas 
around the year 2000: A new high-resolution data set for agricultural and hydrological modelling. Global 
Biological Cycles.24(GB 1011): 1-24

Prokop, G., Jobstmann, H. & Schöbauer, A. 2011: Overview on best practices for limiting soil sealing and 
mitigating its effects in EU-27. Environment Agency Austria. European Communities. 231 pp.

Pugh, T.A.M., Arneth, A., Olin, S., Ahlström, A., Arvanitis, A., Bayer, A.D., Klein Goldewijk, K., Lindeskog, 
M. & Schurgers, G. 2015. Agricultural management substantially enhances land-use change emissions. 
[Submitted]



   | 85Status of the  World’s Soil Resources  |  Main Report 85Soils and Humans

Pugh, T.A.M., Arneth, A., Olin, S., Ahlström, A., Arvanitis, A., Bayer, A., Lindeskog, M., Klein Goldewijk, 
K. & Schurgers, G. 2014. Accounting for land management notably reduces projections of the terrestrial 
carbon sink. [submitted

Ramankutty, N., Evan, A.T., Monfreda, C. & Foley, J.A. 2008. Farming the planet: 1.Geographic distribution 
of global agricultural lands in the year 2000. Global Biogeochemical Cycles, 22(GB 1003)

Ramankutty, N., Foley, J.A. & Olejniczak, N.J. 2002. People on the land: Changes in global population and 
croplands during the 20th century. AMBIO: A Journal of the Human Environment, 31(3): 251-257

Ravi, S., Breshears, D.D., Huxman, T.E. & D’Odorico, P. 2010. Land degradation in drylands: Interactions 
among hydrologic–aeolian erosion and vegetation dynamics. Geomorphology, 116: 236–245

Ray, D.K. & Foley, J.A. 2013. Increasing global crop harvest frequency: recent trends and future directions. 
Environmental Research Letters, 8(4), 044041.

Reis, S., Grennfelt, P., Klimont, Z., Amann, M., Apsimon, H., Hettelingh, J.-P., Holland, M., LeGall, A.-
C., Maas, R., Posch, M., Spranger, T., Sutton, M.A. & Williams, M. 2012. From acid rain to climate change. 
Science, 338(6111): 1153–1154

Reuss, J.O. & Johnson, D.W. 1986. Acid Deposition and the Acidification of Soils and Waters. New York, Springer 
Verlag. 119 pp

Ribeiro Filho, A.A., Adams, C. & Sereni Murrieta, R.S. 2013. The impacts of shifting cultivation on tropical 
forest soil: a review. 2013. Bol. Mus. Para. Emílio Goeldi. Cienc. Hum., Belém,  8(3): 693-727

Rodríguez-Lado, L. & Macías, F. 2005. Calculation and mapping of critical loads of sulphur and nitrogen 
for forest soils of Galicia (NW Spain). Science of the Total environment, 336: 760-7

Rodríguez-Lado, L., Montanarella L. & Macías F. 2007. Evaluation of the sensitivity of European Soils to 
the deposition of acid compounds: different approaches provide different results. Water, Soil and Air Pollution, 
185: 293-303

Römbke, J., Garcia, M.V. & Scheffczyk, A. 2007. Effects of the fungicide benomyl on earthworms in 
laboratory tests under tropical and temperate conditions. Archives of Environmental Contamination and 
Toxicology. 53: 590–598.

RoTAP. 2012. Review of Transboundary Air Pollution ( RoTAP ): Acidification, Eutrophication, Ground Level Ozone 
and Heavy Metals in the UK. Edinburgh, Contract Report to the Department for Environment, Food and Rural 
Affairs. Centre for Ecology & Hydrology

Rothwell, J.J., Robinson, S.G., Evans, M.G., Yang, J. & Allott, T.E.H. 2005. Heavy metal release by peat 
erosion in the Peak District, southern Pennines, UK. Hydrological Processes, 19: 2973–2989

Royal Society of London. 2009. Reaping the benefits: science and the sustainable intensification of global 
agriculture. London, UK

Salomons, W. 1995. Environmental impact of metals derived from mining activities: Process, prediction, 
prevention. Journal of Geochemical Exploration, 52: 5-23. 

Schaphoff, S., Heyder, U., Ostberg, S., Gerten, D., Heinke, J. & Lucht, W. 2013. Contribution of permafrost 
soils to the global carbon budget. Environmental Research Letters, 8(1): 014026

Sencindiver, J.C. & Ammons, J.T. 2000. Minesoil genesis and classification. In R.I. Barnhisel, R.G. Darmody 
& W.L. Daniels, eds. Reclamation of drastically disturbed lands. Agronomy monograph no. 41. pp. 595–613. Madison: 
ASA, CSSA, SSSA

Sengupta, M. 1993. Environmental impacts of Mining. Monitoring, Restoration and Control. Lewis Publishers, 
CRC Pres

Seré, C. & Steinfeld, H. 1996. World livestock production systems. Current status, issues and trends. Animal 
Production and Health Paper 127. Rome, FAO.

1.Geographic


   | 86Status of the  World’s Soil Resources  |  Main Report 86Soils and Humans

Shi, S., Zhang, W., Zhang, P., Yu, Y. & Ding, F.A. 2013. Synthesis of change in deep soil organic carbon stores 
with afforestation of agricultural soils. Forest Ecology and Management, 296: 53–63.

Shotyk, W., Weiss, D., Appleby, P.G., Cheburkin, A.K., Frei, R., Gloor, M., Kramers, J.D., Reese, S. & van 
der Knaap, W.O. 1998. History of atmospheric lead deposition since 12,370 14C yr BP from a peat bog, Jura 
Mountains, Switzerland. Science, 281: 1635-1640. 

Siebert, S. & Doll, P. 2010. Quantifying blue and green virtual ¨ water contents in global crop production as 
well as potential production losses without irrigation. J. Hydrol., 384(3–4): 198-217.

Siebielec, G., Lazar, S., Kaufmann, C. & Jaensch, S. 2010. Handbook for measures enhancing soil function 
performance and compensating soil loss during urbanization process. Urban SMS – Soil Management Strategy 
project, 37 pp.

Smil, V. 2000. Phosphorus in the environment: natural flows and human interferences. Annual Review of 
Energy and the Environment, 25(1): 53–88.

Smith, B., Prentice, I.C. & Sykes, M.T. 2001. Representation of vegetation dynamics in the modelling of 
terrestrial ecosystems: comparing two contrasting approaches within European climate space.  Global Ecology 

& Biogeography, 10: 621-637

Smith, P. 2004. Carbon sequestration in croplands: the potential in Europe and the global context. European 
Journal of Agronomy, 20(3): 229–236.

Smith, P. 2005. An overview of the permanence of soil organic carbon stocks: influence of direct human-
induced, indirect and natural effects. European Journal of Soil Science, 56: 673-680

Smith, P., House, J.I., Bustamante, M., Sobocká, J., Harper, R., Pan, G., West, P., Clark, J., Adhya, T., 
Rumpel, C., Paustian, K., Kuikman, P., Cotrufo, M.F., Elliott, J.A., McDowell, R., Griffiths, R.I., Asakawa, 
S., Bondeau, A., Jain, A.K., Meersmens, J. & Pugh, T. (in press) Global Change Pressures on Soils from Land 
Use and Management. Global Change Biology. DOI: 10.1111/gcb.13068      

Sombroek, W.G., Nachtergaele, F.O. & Hebel, A. 1993. Amounts, dynamics and sequestering of carbon in 
tropical and subtropical soils. Ambio, 22: 417-426

Spranger, T., Hettelingh, J.-P., Slootweg, J. & Posch, M. 2008. Modelling and mapping long-term risks due 
to reactive nitrogen effects: an overview of LRTAP convention activities. Environmental Pollution, 154: 482–487

State Bureau of Statistics- China. 2005. 50 Years Rural Statistics of New China. China, Beijing, China 
Statistics Press

Suttie, J.M., Reynolds, S.G. & Batello, C. 2005. Grasslands of the World. FAO Plant production and protection 
series No. 34. Rome, FAO

Tian, H.Q., Lu, C.Q., Melillo, J., Ren, R., Huang,Y., Xu, X.F., Liu, M.L., Zhang, Z., Chen, G. S. & Pan, S.F. 
2012. Food benefit and climate warming potential of nitrogen fertilizer uses in China. Environm Res. Letters, 7: 
044020

Tilman, D., Cassman, K. G., Matson, P. A., Naylor, R. & Polasky, S. 2002. Agricultural sustainability and 
intensive production practices. Nature, 418(6898): 671–677

Tipping, E., Smith, E., Lawlor, A., Hughes, S. & Stevens, P. 2003. Predicting the release of metals from 
ombrotrophic peat due to drought-induced acidification. Environmental Pollution, 123: 239–253

Tsiafouli, M.A., Thebault, E., Sgardelis, S.P., de Ruiter, P.C., van der Putten, W.H., Birkhofer, K., Hemerik, 
L., de Vries, F.T., Bardgett, R.D., Brady, M.V., Bjornlund, L., Jørgensen, H.B., Christensen S., D’ Hertefeldt, 
T., Hotes S., Hol, W.H.G., Frouz, J., Liiri, M., Mortimer, S.R., Setälä H., Tzanopoulos, J., Uteseny K., Pižl, V., 
Stary, J., Wolters, V., & Hedlund, K. 2015. Intensive agriculture reduces soil biodiversity across Europe. Global 
Change Biology, 21(2): 973-985

http://dx.doi.org/10.1046/j.1466-822X.2001.t01-1-00256.x
http://dx.doi.org/10.1046/j.1466-822X.2001.t01-1-00256.x
10.1111/gcb


   | 87Status of the  World’s Soil Resources  |  Main Report 87Soils and Humans

Van Aardenne, J.A., Dentener, F.J., Olivier, J.G.J., Klein Goldewijk, C.G.M. & Lelieveld, J. 2001. A 
1°×1° resolution data set of historical anthropogenic trace gas emissions for the period 1890-1990. Global 
Biogeochemical Cycles, 15: 909–928

Van Zwieten, L., Rust, J. Kingston, T., Merrington, G. & Morris, S. 2004. Influence of copper fungicide 
residues on occurrence of earthworms in avocado orchard soils. The Science of the Total Environment, 329: 29-41.  

Vega, F.A., Covelo, E.F., Andrade, M.L. & Marcet, P. 2004. Relationships between heavy metals content 
and soil properties in mine soils. Analytica Chimica Acta., 524: 141-150.  

Veiga, M.M., Nunes, D., Klein, B., Shandro, J.A., Colon Velasquez, P. & Sousa R.N. 2009. Mill leaching: a 
viable substitute for mercury amalgamation in the artisanal gold mining sector? Journal of Cleaner Production, 
17: 1373-1381.

Venterea, R.T., Maharjan, B. & Dolan, M.S. 2011. Fertilizer Source and Tillage Effects on Yield-Scaled 
Nitrous Oxide Emissions in a Corn Cropping System. J. Environ. Qual., 40:1521–1531. 

Vet, R., Artz, R.S., Carou, S., Shaw, M., Ro, C.-U., Aas, W., Baker, A., Bowersox, V.C., Dentener, 
F., Galy-Lacaux, C., Hou, A., Pienaar, J.J., Gillett, R., Forti, M.C., Gromov, S., Hara, H., Khodzher, T., 
Mahowald, N.M., Nickovic, S., Rao, P.S.P. & Reid, N.W. 2014. A global assessment of precipitation chemistry 
and deposition of sulfur, nitrogen, sea salt, base cations, organic acids, acidity and pH, and phosphorus. 
Atmospheric Environment, 93: 3–10

Villela, D.M., Nascimento, M.T., Aragão, L.E.O.C. & Gama, D.M. 2006. Effect of selective logging on forest 
structure and nutrient cycling in a seasonally dry Brazilian Atlantic forest. Journal of Biogeography, 33: 506–516.

Weber, J.L. 2010. Land cover classification in the revised SEEA. Land Cover Classification for Land Cover 
Accounting, LG/15/9, position paper drafted by Jean-Louis Weber (EEA), 15th Meeting of the London Group on 
Environmental Accounting, Copenhagen, 4 October 2010

We i, X., Shao, M., Gale, W. & Li, L. 2014. Global pattern of soil carbon losses due to the conversion of forests 
to agricultural land. Scientific Reports 4: 4062

West, P. C., Gerber, J. S., Engstrom, P. M., Mueller, N. D., Brauman, K. A., Carlson, K. M., Cassidy, E.C.

Johnston, M., MacDonald, G.K., Ray, D.K. & Siebert, S. 2014. Leverage points for improving global food 
security and the environment. Science, 345(6194): 325–328.

Whitfield, C.J., Aherne, J., Watmough, S.A. & Mcdonald, M. 2010. Estimating the sensitivity of forest soils 
to acid deposition in the Athabasca Oil Sands Region, Alberta. Journal of Liminology, 69: 201–208.

Williams, M. 2001. Arsenic in mine waters: an international study. Environmental Geology, 40: 267-278

World Bank. 2008. Agriculture for Development. World Development Report 2008.Washington, DC, World 
Bank. 

Yasmin, S. & D’Souza, D. 2010. Effects of pesticides on the growth and reproduction of earthworm: A 
review. Appl. Environ. Soil Sci., 2010(678360): 1-9.

Zhang ,Y., Xu, M., Chen, H. & Adams, J. 2009. Global pattern of NPP to GPP ratio derived from MODIS data: 
effects of ecosystem type, geographical location and climate. Global Ecology and Biogeography, 18: 280–290

Zhou, S.-P., Duan, C.-Q., Fu, H., Chen, Y.-H., Wang, X.-H. & Yu, Z.-F. 2007. Toxicity assessment for 
chlorpyrifos-contaminated soil with three different earthworm test methods. Journal of Environmental Sciences, 
19: 854–858.

2008.Washington



	Global soil resources 
	4 | Soils and Humans
	4.1 | Current land cover and land use 
	4.2 | Historical land cover and land use change
	4.3 | Interactions between soils, land use and management 
	4.3.1 | Land use change and soil degradation
	4.3.2 | Land use intensity change
	4.3.3 | Land use change resulting in irreversible soil change

	4.4 | Atmospheric deposition
	4.4.1 | Atmospheric deposition
	4.4.2 | Main atmospheric pollutants: Synopsis of current state of knowledge
	4.4.3 | Knowledge gaps and research needs




